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• Chronic exposure of rainbow trout to
wastewater-borne AgNPs and TiO2NPs

• Both AgNPs and TiO2NPs showed no
negative effects on fish growth.

• Ag from wastewater-borne AgNPs was
less bioavailable than from AgNPs in
water.

• Unlike TiO2NPs, AgNPs depleted ener-
getic reserves in the muscle.

• The WWTP effluent itself increased LPO
in gills and energy depletion in the
muscle.
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Even though nanoparticles (NPs) are mostly removed by wastewater treatment plants, wastewater-borne NPs
may show an altered toxicity to aquatic organisms. Themain objectives of thisworkwere: i) to assess the chronic
(28 days) effects of wastewater-borne NPs of silver (AgNPs, 1.4–36.2 μg L−1) and titanium dioxide (TiO2NPs,
3.1–50.2 μg L−1) at the individual (growth) and biochemical (biomarkers of neurotoxicity, oxidative stress and
energy metabolism) levels in rainbow trout Oncorhynchus mykiss; and ii) to compare them with their effluent-
supplemented and water-dispersed counterparts. The total Ag and Ti levels were determined in several fish or-
gans. The growth of O.mykisswas not affected by the NPs in any treatment, except a 29% increase at 5.5 μg L−1 of
total Ag supplemented to effluents. The Ag level in organs of O. mykisswas significantly higher after exposure to
water-dispersed AgNPs than their wastewater-borne or effluent-supplemented counterparts. No significant Ti
uptake could be observed. Effluent-supplemented TiO2NPs (50.1 μg L−1 Ti) potentially induced neurotoxic ef-
fects, indicated by a 24% increase in acetylcholinesterase activity comparatively to controls. Energy reserves
were unaffected by TiO2 treatments, while nearly all AgNP-containing treatments caused a depletion of total
lipids, proteins and carbohydrates in the muscle, suggesting an increased energy demand for detoxification
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processes to cope with AgNPs. Besides NPs, the effluent matrix and dispersing agent (for AgNPs) induced signif-
icant effects on energetic reserves and oxidative stress, indicating background toxicity of both treatments at the
biochemical level.
Our study is the first to assess chronic effects of wastewater-borne NPs on rainbow trout. While no effects were
found at the individual level, several biochemical markers were changed by the NPs exposure. Our results high-
light the importance of using complex matrices for a reliable risk assessment of NPs in the aquatic environment.

© 2020 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY license (http://
creativecommons.org/licenses/by/4.0/).
1. Introduction

The worldwide production of manufactured nanomaterials (MNMs)
has increased by N25% since 2005 and led to N1800 consumer products
containing MNMs in 2015 (Sun et al., 2017; Vance et al., 2015). These
products cover a wide range of applications such as in coatings, paints,
pharmaceuticals, cosmetics, textiles, toys and food (He et al., 2019;
Thomas et al., 2006). Two of themostwidely used nanomaterials are sil-
ver nanoparticles (AgNPs) and titanium dioxide nanoparticles
(TiO2NPs), with AgNPs being mainly used due to their antimicrobial
properties and therefore being present in medical products, cosmetics
and clothing (Vance et al., 2015). On the other hand, TiO2NPs are pres-
ent in sanitation, paints, sunscreens, solar cells and used in cancer ther-
apy due to their photocatalytic properties and ability to filter ultraviolet
light (Barndõk et al., 2016; Ivanković et al., 2003; Kaegi et al., 2008).

The high usage of AgNPs and TiO2NPs leads to their release into in-
dustrial and urban sewage. In wastewater treatment plants (WWTPs),
these NPs are known to adsorb to biosolids in the sewage sludge to a
large extent where they can be transformed into insoluble species (e.g.
Ag2S) (Kaegi et al., 2011; Kiser et al., 2009). Therefore, only a small frac-
tion of nanoparticles (NPs) enters the aquatic environment following
wastewater treatment process. However, the discharge ofWWTP efflu-
ents can still lead to a significant increase of AgNP and TiO2NP concen-
trations in freshwaters. Li et al. (2016) investigated the contribution of
WWTP effluents on the AgNP concentration in the river Isar in
Germany. Whereas no AgNPs could bemeasured upstream of the efflu-
ent discharge, 2.0–8.6 ng L−1 of AgNPs were measured at the discharge
point (Li et al., 2016). Regarding TiO2NPs, information on environmental
concentrations in freshwaters receivingWWTP effluents is scarce. Nev-
ertheless, Kiser et al. (2009) detected 17 μg L−1 of TiO2NPs in WWTP
tertiary effluents in Arizona, USA. Exposure modelling studies indicated
that the predicted concentrations of AgNPs and TiO2NPs inWWTP efflu-
ents in the EU are 42.5 and 3470 ng L−1, respectively, and therefore sev-
eral magnitudes higher than the predicted environmental
concentration for surface waters (0.8 and 15.0 ng L−1, respectively)
(Gottschalk et al., 2009).

In the last decade a significant number of studies have explored the
toxicity of NPs to aquatic biota (e.g. Farkas et al., 2017; Valerio-García
et al., 2017; Wu et al., 2017; Baun et al., 2008). The toxicity of AgNPs
to aquatic organisms can be attributed to the potential released ions
(Ag+) (Beer et al., 2012), dissolved Ag species, Ag complexes (Ribeiro
et al., 2015) and the NPs themselves (Asghari et al., 2012; Navarro
et al., 2008). In fish, AgNPs may adsorb to gill tissues, where they
cause severe injuries and oxidative stress accompanied by the release
of Ag+ into the blood circulatory system (Scown et al., 2010; Wood
et al., 1996). Sulfidized forms of Ag such as Ag2S are not prone to oxida-
tion and dissolution, and show limited release of free ions (Choi et al.,
2009; Rozan et al., 2000).

Few studies have investigated the effects of wastewater-borne
AgNPs and TiO2NPs on aquatic biota (Bruneau et al., 2016; Galhano
et al., 2020; Georgantzopoulou et al., 2018; Hartmann et al., 2019;
Kühr et al., 2018; Muth-Köhne et al., 2013). In WWTP effluents, trans-
formations like sulfidation, dissolution, aggregation, adsorption and
sedimentation may alter bioavailability and impact of AgNPs and
TiO2NPs upon release to aquatic systems (Azimzada et al., 2017; Kiser
et al., 2009). Hartmann et al. (2019) performed a multi-generational
study with Daphnia magna to compare the chronic effects (21 days) of
wastewater-borne AgNPs (0.6–10.1 μg L−1 measured concentrations)
and TiO2NPs (b6.1–25.2 μg L−1 measured concentrations) with the re-
spective ASTM-dispersed counterparts over six consecutive genera-
tions. In contrast to ASTM-dispersed AgNPs, which caused a significant
reduction of offspring in all six generations, both types of wastewater-
borne NPs showed no transgenerational effects on D. magna reproduc-
tion, while TiO2NPs showed no effects regardless of the tested matrix.
Georgantzopoulou et al. (2018) exposed the rainbow trout gill epithelial
cell line RT gill-W1 for 24 h to differently aged (1–5 weeks) WWTP ef-
fluents containing AgNPs and TiO2NPs at 0.7 and 1.2 μg L−1, and a 40%
decrease in the epithelial integrity as well as a 2-fold increased forma-
tion of reactive oxygen species (ROS) was detected after exposure to
3-weeks old effluents. Muth-Köhne et al. (2013) exposed zebrafish
(Danio rerio) embryos to AgNPs (0.5–1.5 mg L−1 nominal concentra-
tions) and AgNO3 (0.05–0.12 mg L−1 nominal concentrations) in ISO
water and wastewater-borne AgNPs (0.7–5.5 mg L−1 nominal concen-
trations) for 48 h; the embryos displayed delayed development, tail
malformations and oedema in all treatments; the highest embryo toxic-
ity was observed in wastewater-borne AgNPs exposure. In contrast,
Bruneau et al. (2016) exposed juvenile rainbow trout for 96 h to
AgNPs and AgNO3 at 40 and 4 μg L−1, respectively (nominal concentra-
tions), in municipal wastewater and observed that both forms of silver
were bioavailable and induced severe immunotoxic effects. Overall,
these studies indicate that wastewater-borne NPs can cause harmful ef-
fects to freshwater organisms. Despite the fact thatWWTP effluents are
one of themajor entry paths of NPs into the aquatic environment, infor-
mation on the biological impact and fate of thewastewater-borneNPs is
still lacking, but is crucial for a detailed risk assessment.

Based on these findings, the main aim of this study was to compare
the chronic effects of wastewater-borne AgNPs and TiO2NPs on rainbow
trout (Oncorhynchusmykiss) to their effluent-supplemented andwater-
dispersed counterparts to evaluate the impact of WWTP processes on
NP toxicity to fish. Therefore, model WWTPs were fed with AgNP or
TiO2NP containing influent and the resulting effluentswere used to per-
form 28-d exposure studies with rainbow trout. The evaluation of ef-
fects was performed at the individual (growth) and biochemical
(biomarkers of neurotoxicity, oxidative stress and energy budget) levels
to gather a comprehensive picture of possible differences between NPs
from different treatments.
2. Material and methods

2.1. AgNPs and TiO2NPs

All studies with AgNPs were performed with NM-300K, an aqueous
dispersion of AgNPs which was obtained from the OECD repository of
representative manufactured nanomaterials (Totaro et al., 2016). The
dispersion presented a nominal Ag concentration of 10.16% (w/w) and
the main particle size is 15 nm, with a narrow size distribution
(99% b 20 nm) according to transmission electron microscopy (TEM)
analyses (Klein et al., 2011). This dispersion is presented as AgNPs
within a stabilizing mixture [4% (w/w) each] of two non-ionic surfac-
tants [polyoxyethylene glycerol trioleate (TAGAT® TO) and
polyoxyethylene (20) sorbitan mono laurat (Tween® 20)]. The Ag
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content and particle number of the NM-300K dispersionwere shown to
be stable up to 12 months within this dispersing agent (Klein et al.,
2011).

TiO2NPs (NM-105) were also obtained from the OECD repository
(Totaro et al., 2016). This uncoated rutile-anatasemodification (relation
varied between 88.2 : 11.8 and 81.5 : 18.5), with a primary particle size
of 10–45 nm, is presented as drywhite powderwherein particles have a
specific surface area of 46.2–55.5 m2 g−1 (Rasmussen et al., 2014).

2.2. Model WWTPs

The AgNPs were continuously added to the model WWTP from a
previously prepared stock dispersion. Therefore, 8 mL of ultrapure
water were added to a glass vial with 2000 mg of NM-300K, resulting
in a total Ag concentration of 20 g L−1. The vialswere thoroughly shaken
by hand for 1 min and sonicated, for 15 min, in a sonication bath
(160 W, 144 kJ, Sonorex Super RK 510, Bandelin electronic GmbH &
Co. KG, Germany). Subsequently, 3, 15 and 48mL of this new dispersion
were added to polyethylene containers (Züchner GmbH, Germany)
with 6 L of ultrapure water to obtain 10, 50 and 160mg L−1 of nominal
total Ag, respectively. These stock dispersions were renewed every
three days.

Four lab-scale WWTP units (behrotest® Laboratory Sewage Plant
KLD 4N, behr Labor-Technik GmbH, Germany) were conducted accord-
ing to OECD Guideline 303A (OECD, 2001) as described in detail in
(Muth-Köhne et al., 2013; Zeumer et al., 2019). In brief, each WWTP
(with a total volume of 10 L) consisted of two reactors (non-aerated
and aerated) and a secondary clarifier to simulate denitrification, nitri-
fication and sedimentation processes of a full-scale WWTP (see
Supporting information, Fig. S1). Every WWTP unit was connected to
a tube system (PLP 33; SP04/3.5 K, behr Labor-Technik, Germany),
which automatically mixed artificial wastewater (and AgNP stock dis-
persions when applicable) with tap water, leading to a 10-fold dilution.
To compensate this dilution step, the artificialwastewater and theAgNP
stock dispersions (10, 50 and 160 mg L−1 AgNPs) were previously pre-
pared in 10-fold concentration and stored at 4 °C during the experi-
ments. Finally, the diluted artificial wastewater was pumped into the
denitrification reactor of the respective WWTP (see Supporting infor-
mation, Fig. S1) with a continuous flow of 750 mL h−1, leading to a re-
tention time of 6 h in the WWTPs. For the study with AgNPs, one
WWTP was run as a control (without NPs) and 3 different WWTPs
were run with a total Ag concentration of 1, 5 and 16 mg L−1 in the
influent.

In the experimentwith TiO2NPs, twoWWTPwere run, one as a con-
trol and one with a nominal total concentration of 3.0 mg L−1 Ti. Since
NM-105 does not contain any dispersing agent, dispersions were pre-
pared freshly twice a day and added directly to the lab-scale WWTP
(Fig. S1). For such, 50 mL of ultrapure water were added to a glass vial
with 45.0 mg of NM-105, thoroughly shaken by hand for 1 min, soni-
cated for 15 min (160 W, 144 kJ, Sonorex Super RK 510, Bandelin elec-
tronic GmbH & Co. KG, Germany) and added directly to the
denitrification reactor to reach a nominal influent Ti concentration of
3.0 mg L1.

The room temperature was kept within 20–25 °C. The oxygen con-
centration in the nitrification reactor was automatically monitored
and kept constant at 2–4.5 mg L−1. The concentrations of ammonium,
nitrite and nitrate in the effluents were photometrically measured
(NANOCOLOR® 500D, Macherey-Nagel, Germany) at least once per
week. The pH values in the denitrification and the nitrification reactors
were monitored daily and stayed within 6.8–7.7 throughout the exper-
iments. After test start, a running-in phase without the addition of NPs
lasting 6–11 dayswas carried out until theWWTP reached stable condi-
tions, which are characterized by a dissolved organic carbon (measured
with TOC-V CPH Total Carbon Analyzer, Shimadzu, Japan) elimination
rate of N80% (OECD, 2001) and constant ammonium, nitrite and nitrate
concentrations in the effluent. Subsequently, the AgNPs or TiO2NPs
were added to the influent for 8 days, as described above. For the last
40 h of these 8 days, the effluentswere collected separately in 30 L poly-
ethylene containers (Züchner GmbH, Germany) and stored in the dark
at 4 °C for 5weeks until the beginning of the fish exposure experiments.

2.3. Rainbow trout exposure to NPs

2.3.1. Model species and maintenance
Rainbow trout (Oncorhynchus mykiss) juveniles were obtained from

Fischzucht Störk (Bad Saulgau, Germany) and maintained in 200–250 L
tanks with copper ion-reduced tap water, in a flow-through system
with constant aeration (oxygen saturation N60%) at 14 ± 2 °C and a
16/8 h light/dark photoperiod. The fish were fed with commercially
available food (Inicio Plus®, BioMar, Denmark) at a rate of 4% of their
body weight per day. These conditions (aeration, temperature, light,
feeding) were also used in the juvenile growth test.

Fishmaintenance, handling and experimental procedures were pre-
viously approved by an ethical committee on animal experiments
(LANUV NRW, Germany, permit number: 84–02.04.2016.A312).

2.3.2. Juvenile growth test
The chronic exposure was performed with juvenile rainbow trout

according to OECD test guideline No. 215 (OECD, 2000). The animals
(10 fish per tank, 1 tank per treatment) were exposed in 10 L tanks,
over 28 days, to (i) effluents frommodelWWTPswith NP-treated influ-
ent (i.e.wastewater-borne NPs); (ii) NPs manually added to control ef-
fluents fromWWTPs (i.e.wastewater-supplementedNPs); and (iii) NPs
added to dilution water (i.e.water-dispersed NPs). Copper ion-reduced
tap water (for physicochemical properties see Supporting information,
Table S2) was used as dilution water. All effluents used in both treat-
ments (i) and (ii) were diluted 10-fold with copper ion-reduced tap
water to simulate the dilution effect of the receiving waters of a full-
scaleWWTP. All treatments used in the exposure experiments are sum-
marized in Table 1. In the case of TiO2NP experiments, the effluent of the
TiO2NP-treatedWWTPwas diluted 1:1, 1:2 and 1:4with TiO2-free efflu-
ent in order to achieve three concentrations of wastewater-borne
TiO2NP (see Table 1), before the 10-fold dilution with tap water.

For the experimental exposures of fish with AgNPs, the stock disper-
sions used for the preparation of NPs tested concentrations were pre-
pared with 300 mL of NM-300K (approx. 30 mL Ag) in 30 mL of
ultrapure water in plastic centrifuge vials (polypropylene, Sarstedt,
Germany). The dispersions were thoroughly shaken by hand and soni-
cated for 10 min (2 min effective, 200 W, 24 kJ, pulsation pause ratio
of 0.2/0.8) by indirect probe sonication (Cup Horn BB6, Bandelin elec-
tronic GmbH & Co. KG, Germany). The stock dispersions were renewed
every two days. Three controls were used in the AgNPs exposure exper-
iments: dilution water as a negative control (DW); NP-free effluent
(EFF); and the control for the dispersing agent (DA) present in the
NM-300K. The DA contained the same concentration of dispersing
agent as used in the highest tested AgNP concentration (36.2 μg L−1)
in order to identify possible harmful effects caused by the DA in relation
to DW treatment.

For the fish exposure experiments with TiO2NPs, stock dispersions
were prepared with 30 mg of NM-105 in 30 mL of ultrapure water in
plastic centrifuge vials (polypropylene, Sarstedt, Germany). The disper-
sions were renewed every two days and handled similarly to those of
AgNPs.

Before the beginning of the exposure experiments, an acclimation
period of 14 days was performed to fulfill the test guideline criterion
(b5% mortality) (OECD, 2000). Prior to weighing the fish, food was
withheld from the animals for 24 h. Before the beginning of the test,
fish were weighed [1.0 ± 0.1 and 1.3 ± 0.6 g (average of 10 individuals
± standard deviation) in exposure experiments with AgNPs and
TiO2NPs, respectively], pooled and distributed randomly between the
respective tanks. Fishwere weighed again on days 14 and 28 to recalcu-
late the amount of feed (based on the feeding rate described in



Table 1
Composition and total Ag and Ti concentrations in the different exposure treatments used in fish chronic studies.

Experiments Treatments (media and nanoparticles) Dilution ratio TWA (μg L−1)

Dilution with Effluent Dilution with Dilution Water

AgNPs Dilution water control (DW) n/r n/r –
WWTP effluent control (EFF) n/r 1:10 –
Dispersing agent control (DA) n/r n/r –
Wastewater-borne AgNPs n/r 1:10 1.4, 3.4, 28.8
AgNPs-supplemented effluents n/r 1:10 2.4, 5.5, 28.0
Water-dispersed AgNPs n/r n/r 1.6, 5.4, 36.2

TiO2NPs Dilution water control (DW) n/r n/r 2.8*
WWTP effluent control (EFF) n/r 1:10 3.5*
Wastewater-borne TiO2NPs 1:1, 1:2, 1:4 1:10 3.1*, 3.8*, 4.0*
TiO2NPs-supplemented effluents n/r 1:10 15.1, 27.6, 50.1
Water-dispersed TiO2NPs n/r n/r 12.7, 22.9, 42.8

TWA – timeweighted average total Ag or Ti concentration. Ti valuesmarkedwith “*”were statistically not different (p N 0.05; ANOVA followed by Dunnett's post-hoc test) to the digestion
blank (2.9 μg L−1 total Ti). The limits of quantification were 0.028 μg L−1 and 0.386 μg L−1 for total Ag and Ti, respectively. n/r – not required. WWTP – wastewater treatment plant.
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Section 2.3.1) and to determine the growth increment. During the semi-
static exposure period (change ofmedia at 48 h intervals), animalswere
fed at a rate corresponding to 4% of body weight per day. During expo-
sure, behaviour andmortality of animals and thewater conditions (con-
centrations of ammonium, nitrate and nitrite, pH and water
temperature) were monitored periodically. The pH was maintained
constant (7.7 ± 0.1) throughout the test duration. Growth rates were
calculated for the complete exposure period (28 d) by using Eq. (1),
which was based on the ‘pseudo’ specific growth rate adapted from
the OECD test guideline No. 215 (OECD, 2000):

r ¼ logeW28− logeW0

28d
� 100 ð1Þ

where: r = growth rate (d−1); W0, W28= weight (g) of an individual

fish at times 0 and 28days, respectively; loge
W0

¼ logarithmof the av-

erage of the valuesW0 at day 0; logeW28= logarithmof theweight of an
individual fish at day 28.

On day 28, fish were sacrificed on ice by a percussive blow to the
head followed by the dislocation of the neck according to the directive
of the EU on animal welfare (EU, 2010). The fish organs, viz. liver, gills,
muscle, stomach, intestine, brain and carcass were dissected on ice.
The liver, gills, muscle and brainwere immediately snap frozen in liquid
N2 and stored at −80 °C until processing for biochemical analyses
(Section 2.6). The intestine, stomach and carcass were snap frozen in
liquid N2 without any buffer and stored at −20 °C until processing for
total Ag and Ti determination (Section 2.5.2). The obtained NP levels
in the organs and carcass were used to calculate the Ag transfer factor
by dividing the Ag content in the respective organ by the Ag concentra-
tion of the test medium.

2.4. Nanoparticle characterization

2.4.1. Scanning transmission electron microscopy
The characterization of the NM-300K stock suspension by scanning

transmission electron microscopy (STEM) in combination with high-
angle annular dark field (HAADF) and energy dispersive X-ray (EDX)
detectors was part of a parallel study (Zeumer et al., 2019) and is pre-
sented again in the supporting information for consistency (see
Supporting information, Fig. S3). In a similarway, theNM-105 stock dis-
persion was characterized in this study by STEM (for a detailed descrip-
tion of the methodologies see Supporting information).

Hartmann et al. (2019) characterized wastewater-borne AgNPs in
effluent material which was prepared under identical conditions as
the effluent applied in this study. Likewise, the characterization of the
wastewater-borne TiO2NPs applied in this study was already presented
by Hartmann et al. (2019), who extracted the TiO2NPs by cloud-point
extraction and characterized them by STEM in combination with
HAADF and EDX detectors.

2.4.2. Dynamic light scattering
Thehydrodynamic diameter (DZ) of AgNPs and TiO2NPswas charac-

terized using a zetasizer (Zetasizer Nano Series, Malvern Instruments
Ltd., UK). For this, the NPs were dispersed and measured in ultrapure
water, copper ion-reduced tap water, and in WWTP influent to detect
potential effects of the media on the DZ of the NPs. Measurement of dy-
namic light scattering (DLS) was carried out as described in the
supporting information.

2.5. Determination of total Ag and Ti

2.5.1. Preparation of aqueous samples
Aliquots of 20 mL were taken periodically from the effluent of the

WWTPs aswell as from testmedia during exposure experiments for de-
termination of total Ag and Ti concentrations (Table 1). Aliquots were
taken in duplicate from the collected effluent in polyethylene vials
(Sarstedt, Germany). During the exposure experiments, aqueous sam-
ples from test media were taken before and after (24 h and 48 h) expo-
sure at least twice per week. All samples were acidified with 0.2 mL
nitric acid (69%, Suprapur®, Carl Roth, Germany). The sample prepara-
tion for total Ag analysis was performed according to Kraas et al. (2017).
Prior to measurements, 5 mL of aqua regia were added to each sample
for 24 h and subsequently transferred to polypropylene vials (Sarstedt,
Germany). The original polyethylene storage vials were rinsed twice
with 10 mL of aqua regia to prevent sorption of AgNPs. After 48 h, sam-
ples were made up to 50 mL with ultrapure water.

Prior to Timeasurements, 4mL of aqueous samplesweremixedwith
0.8 mL of 69% nitric acid and 0.2 mL of hydrofluoric acid (40%,
Suprapur®, Merck, Germany) and digested in a microwave UltraClave
II (MLS GmbH, Germany; 25 min heating up to 220 °C, 30 min on
220 °C, max. pressure 80 bar). After digestion, 1 mL of boric acid (4%,
Merck, Germany) was added and vials filled up to 15mLwith ultrapure
water.

To check for potential Ag or Ti background levels caused by the di-
gestion procedure, three digestion blanks (4 mL ultrapure water)
were added to every digestion process and treated identically as the
aqueous samples. The water used was purified using an ELGA Pure Lab
Ultra water purification system (N18 MΩcm).

2.5.2. Preparation of fish samples
The total Ag and Ti levels were determined in fish stomach, intestine

and carcass. For total Ag determination, 5 mL of 69% nitric acid were
added to the fish samples. Due to their size, carcass samples from expo-
sure experiments with TiO2NPs were manually ground in a zirconium
oxidemortar under constant cooling by liquid nitrogen, and then freeze
dried (Alpha 1–2 LDplus, Christ, Germany). Subsamples of 200 mg
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ground carcass were used for total Ti determination. Subsequently,
4.8 mL (stomach and intestine) or 0.8 mL (carcass) of 69% nitric acid,
and 0.2 mL of 40% hydrofluoric acid were added to the samples.

All samples for Ag and Ti determination were digested in the same
microwave under the same conditions as described in Section 2.5.1.
After digestion, the Ag samples were made up to 15 mL with ultrapure
water. The Ti samples were complexed with 1 mL of boric acid 4% and
made up to 15mLwith ultrapurewater. As described in Section 2.5.1 di-
gestion blanks were set up to check for potential Ag or Ti background
levels.

2.5.3. Quantitative total Ag and Ti analysis
Total Ag was determined by ICP-MS (Agilent7700, Agilent Technol-

ogies, Germany) as described by Zeumer et al. (2019).
Total Ti was measured by ICP-OES (Agilent 720, Agilent technolo-

gies, Germany) set at 334.941 nm. For the preparation of matrix ad-
justed calibration standards and stock solutions, a commercially
available Ti ICP standard containing 1000 mg L−1 Ti in 10% (v/v) nitric
acid (Merck, Germany) was used. The calibration function was calcu-
lated by the ICP-OES software (Agilent MassHunter workstation) by
using a linear regression. Likewise, the limit of detection was calculated
by the ICP-OES software and the limit of quantificationwas calculated as
3 times the limit of detection. All samples were measured in triplicate
(internal measurements). In all measurements, quality control samples
were prepared independently from the calibration samples and certi-
fied reference materials (TMDA 52.4, Environment Canada) were mea-
sured in parallel to validate the calibration. Results are expressed as
total Ag and total Ti in aqueous (µg L−1) and fish samples(μg kg−1).

2.6. Biochemical marker assays

A battery of biochemical marker assays was performed to assess the
potential effects of NPs on rainbow trout. The analyses were performed
in the brain (acetylcholinesterase, AChE), gills (catalase, CAT; glutathi-
one S-transferase, GST; lipid peroxidation, LPO), liver (superoxide dis-
mutase, SOD; CAT; GST; LPO) and muscle [lactate dehydrogenase,
LDH; energy related parameters (total lipids, total carbohydrates and
total proteins, energy available – Ea, energy consumption – Ec, and cel-
lular energy allocation - CEA)]. These markers were selected based on
previous studies where AgNPs and TiO2NPs induced significant effects,
at the biochemical level, in aquatic species (e.g. Galhano et al., 2020)
and especially in fish (e.g. Miranda et al., 2016; Khan et al., 2017;
Valerio-García et al., 2017; Shobana et al., 2018).

After thawing on ice, all samples (N=8–10 and N=4–10 in AgNPs
and TiO2NPs experiments, respectively) were homogenized in specific
homogenization buffers (see Supporting information, Table S3). Subse-
quently, an aliquot of 150 μL of the resulting homogenate was trans-
ferred to a microtube with 4 μL 2,6-Di-tert-butyl-4-methylphenol for
LPO determination. The remaining homogenate was centrifuged at
10,000 ×g for 20 min at 4 °C to separate the post-mitochondrial super-
natant. Then, this fraction was divided into aliquots and further diluted
in each specific homogenization buffer (Table S3) whenever necessary
for the subsequent quantification of each biochemical marker (for a de-
tailed description of the used methodologies see supporting informa-
tion). In the present study, the NPs revealed no interference in
biochemical markers measurements when tested at themaximum con-
centrations found in rainbow trout tissues. The absorbance spectra of
AgNPs and TiO2NPs are presented in supplementary information
(Fig. S5A and B).

2.7. Statistical analysis

Before comparing between treatments, data was tested for normal-
ity (Shapiro-Wilk) andhomogeneity of variance (Levene's), and outliers
were also inferred from the data showing normal distribution using the
Grubbs' test (SigmaPlot for Windows, v. 14, Systat Software, Inc., USA;
OriginPro 2017, OriginLab Corp., USA; and SQS 2013,Version 1.00 by J.
Klein and G. Wachter). Independent t-tests (derived from Student's t-
test with two-tailed p values) and one-way analyses of variance
(ANOVA) followed by Dunnett's post-hoc test or Kruskal-Wallis
followed byDunn's post-hoc testwere used to determine differences be-
tween treatments and respective controls. The α-level was set at 0.05.
All results were expressed as means ± standard errors (SE). Time
weighted average concentrations (TWA) of Ag and Ti in test media of
the different treatments (Table 1) were calculated according to OECD
test guideline No. 211 (OECD, 2012).

3. Results and discussion

3.1. Total Ag and Ti concentrations in WWTP effluents and test media

The effluents collected from the model WWTPs with AgNP-treated
influent, contained 50.7, 222.0 and 475.7 μg L−1 of Ag; after storage
and 10-fold dilution, the resulting exposure concentrations of
wastewater-borne AgNPs in fish experiments were 1.4, 3.4 and
28.8 μg L−1, respectively (Table 1). These concentrations are in the
same range as the AgNPs supplemented to the effluent
(2.4–28.0 μg L−1 Ag) or water-dispersed AgNPs (1.6–36.2 μg L−1 Ag)
as reported in Table 1.

The effluents collected from the model WWTP with TiO2NP-treated
influent, contained 130.7 μg L−1 Ti. The 5-week storage of the effluents
and the following dilution steps led to Ti concentrations (3.1, 3.8 and
4.0 μg L−1, Table 1), which were not statistically different (p N 0.05,
ANOVA followed by Dunnett's post-hoc test) to the 2.9 ± 1.9 μg L−1

measured in the digestion blanks (ultrapure water). Similar Ti concen-
trations were also found in DW (2.8 μg L−1) and EFF (3.5 μg L−1) con-
trols (p N 0.05, ANOVA followed by Dunnett's post-hoc test). This
similarity was most probably due to a possible background contamina-
tion of the reagents used in the digestion process, since no Ti could be
measured in the undigested ultrapure water (blimit of quantification
of 0.386 μg L−1) which was used as blank samples for Ti analysis. For
this reason, precise measurements of Ti concentrations ≤4.0 μg L−1 in
the tested effluents were not possible. Nevertheless, to allow a compar-
ison of the effects of the different treatments on O. mykiss, the effluents
which probably contained low levels of Ti (≤4 μg L−1) were not ex-
cluded from the study.

The ranges of Ti in TiO2NPs-supplemented effluent or water were
similar, with 15.1–50.1 μg L−1 Ti and 12.7–42.8 μg L−1 Ti, respectively.
The Ti concentrations measured in the different treatments are pre-
sented in Table 1.

3.2. Nanoparticles characterization

3.2.1. Stock dispersions of pristine NPs
The STEM analyses of the AgNP stock dispersionwere presented in a

previous study (Zeumer et al., 2019) and showedwell dispersed AgNPs
with a mean particle size of 18.3 ± 3.1 nm (Supporting information,
Fig. S3A), while EDX analyses of individual particles showed a dominant
signal of Ag (Lα), next to Cu (Kα) whichwas related to signals resulting
from the Cu grid (Supporting information, Fig. S3B). In ultrapure and tap
water, AgNPs presented a zeta potential of−5.1 and−22.8 mV, respec-
tively (Zetasizer Nano Series, Malvern Instruments Ltd., UK).

The TiO2NPs in the stock dispersionwere present as large agglomer-
ates on the TEMgrids (Supporting information, Fig. S4A). Themean par-
ticle size obtained was 28.1 ± 7.2 nm and therefore within the range of
10–45 nm stated by Rasmussen et al. (2014) for NM-105. Elemental
analyses of individual particles showed a dominant signal of Ti (Kα),
next to Cu (Kα) which was related to signals resulting from the Cu
grid (Supporting information, Fig. S4B). The zeta potential of TiO2NPs
in ultrapure and tapwaterwas shown to be 20.3 and−17.1mV, respec-
tively (Zetasizer Nano Series, Malvern Instruments Ltd., UK).
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3.2.2. NPs in WWTP effluents
The STEM analyses of thewastewater-borne AgNPs prepared identi-

cally as described in this study showed that the particle size was not
changed during the passage on the WWTP, while the EDX revealed an
association of wastewater-borne AgNPs with sulphur (S), indicating
their potential sulfidation due to the ratio of the EDX signals of S and
Ag of around 2:1 (Hartmann et al., 2019). The sulfidation of AgNPs
within WWTPs is well known (e.g. Kaegi et al., 2011; Kampe et al.,
2018). The sulfidation of the surface or thewhole AgNPs causes a strong
decrease in the release of Ag+ due to surface passivation that may alter
the potential toxicity of wastewater-borne AgNPs (Liu and Hurt, 2010).
In other words, pristine (water-dispersed) and wastewater-borne
AgNPs represent different main exposure forms to aquatic organisms:
(i) potentially high release of Ag+ and a reactive surface at the pristine
AgNPs; and (ii) low Ag+ release and reactivity on the surface of the po-
tentially completely sulfidized and thus passivated wastewater-borne
AgNPs (Liu and Hurt, 2010). Most probably, the AgNPs supplemented
to the effluent or dispersed inwatermay suffer less transformation pro-
cesses compared to those observed on wastewater-borne AgNPs.

The STEM analyses of wastewater-borne TiO2NPs used in this study
were already presented in Hartmann et al. (2019) and showed that
TiO2NPs formed aggregates of several 100 nm. Even though no transfor-
mation of the TiO2NPs could be observed, several organic compounds
from the effluents associated with the TiO2NPs and detected as C, O
and N signals by STEM analysis were found (Hartmann et al., 2019).
Thismight have influenced thebioavailability of TiO2NPs and in turn po-
tentially modulated their toxicity at individual and biochemical levels
(Farkas et al., 2015; Zhu et al., 2011).
Fig. 1. Effect of wastewater-borne, effluent-supplemented (Supp. effluent) andwater-dispersed
exposure. DW, EFF and DA are dilution water, effluent and dispersing agent controls, respective
representmean±SEof 10 organisms. Asterisks represent significant differences (p ≤0.05) comp
Dunnett's post-hoc test.
The TiO2NPs were chemically not altered while passing through the
WWTP, hence no alterations were expected for effluent-supplemented
or water-dispersed TiO2NPs.

3.2.3. Size of nanoparticles
The AgNPs and TiO2NPs were measured in ultrapure water at differ-

ent concentrations to characterize the pristine particles for their hydro-
dynamic diameter (see Supporting information, Table S1). Z-average
values of 58.0 to 65.3 nmwere found for nominal Ag concentrations of
100 and 1000 μg L−1, respectively. These values were within the size
range mentioned by Klein et al. (2011) for NM-300K. For NM-105, the
Z-average values of 775.5 and 1476 nm were obtained with nominal
concentrations of 100 and 1000 μg L−1 TiO2, respectively, whereby
high polydispersity indexes of 0.8 and 1.0 indicated polydispersity and
thus minimal suitability. This is in accordance with Rasmussen et al.
(2014), who obtained Z-average values of 554.9 nm or even N1 μm
due to a high polydispersity of the NM-105 suspensions.

To obtain further information on the behaviour of the NPs in the
tested media, the materials were also measured in water (Cu ion-
reduced tap water) and WWTP influent. In those media, the obtained
results were similar to those measured in ultrapure water (Supporting
information, Table S1). At low nominal Ag concentrations (10 and
1 μg L−1), high attenuator values (9 and 11) and implausible high Z-
Average values (up to 2236 nm) indicate that the concentrations were
too low to be measured with reliability. For NM-105, high attenuator
values of 9 and 11were obtainedwith 1000 and 100 μg L−1 TiO2, respec-
tively. As explained in the supporting information, DLS measurements
on NPs were not carried out with effluent. The wastewater-borne NPs
(Water) AgNPs (A, C) and TiO2NPs (B, D) on growth of Oncorhynchus mykiss after 28 d of
ly. A, B: Wet weight of fish at start and end of the experiment. C, D: Fish growth rate. Bars
aratively to the respective controls (EFForDW), according to one-wayANOVA followedby
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were present at total concentrations between 1.4 and 28.8 μg L−1 for Ag
and between 3.1 and 4.0 μg L−1 for Ti and were therefore too low to re-
ceive reliable DLS measurement results.

3.3. Effects of AgNPs and TiO2NPs on the growth of O. mykiss

Few in vivo studies have investigated chronic effects of AgNPs and
their released ions in rainbow trout (e.g. Clark et al., 2018; Johari et al.,
2015; Scown et al., 2010). Scown et al. (2010) exposed juvenile rainbow
trout during 10 days to AgNPs (9.4–35.5 μg L−1) of different particle
sizes (10 and 35 nm). These authors didn't report any mortality or be-
havioural changes in fish exposed to Ag concentrations of about
35.5 μg L−1 in dechlorinated tap water. In contrast, in the present
study, exposure of rainbow trout to 36.2 μg Ag L−1 in water-dispersed
AgNPs treatment lead to observable changes in swimming behaviour
(uncoordinated movements in lateral position) and a mortality of 20%
after five days of exposure. However, AgNPs supplemented to effluent
at 28.0 μg Ag L−1 didn't affect mortality and behaviour of the fish, sug-
gesting that the effluent mitigated the impact of the AgNPs on the rain-
bow trout, probably due to the adsorption of the particles to suspended
materials and their potential sulfidation (see Section 3.2.2 and
Hartmann et al., 2019).

Considering the effects of AgNPs on fish weight, fish exposed to the
intermediate Ag concentrations, in the three different media, showed a
significantly higher average weight (p ≤ 0.05) compared to the respec-
tive controls (Fig. 1A). However, except of the fish exposed to the
effluent-supplemented AgNPs with 5.5 μg L−1 Ag, which showed a sig-
nificantly higher growth rate (4.9 d−1, 29% increase) compared to EFF,
no further differences in the growth rates were observed (Fig. 1C). Pos-
itive effects of AgNPs on growth of rainbow trout were shown by
Brauner and Wood (2002), who observed an earlier hatching as well
as larvaewith higher length and weight relative to the control, after ex-
posure of rainbow trout larvae to 1.0 μg L−1 total Ag (as AgNO3) for
37 days. However, since the exposure to 28.0 μg L−1 led to a slightly de-
creased growth rate compared to EFF (even though not significant,
p N 0.05), this growth-supporting effect might be attributed to hormetic
effects at low total Ag concentrations (Calabrese, 2004).

In the present work, no effects on mortality, behaviour and growth
were observed in rainbow trout exposed to each of the TiO2NPs treat-
ments (Fig. 1B and D). This is in accordance with Ramsden et al.
(2009), who exposed rainbow trout to 10 and 100 mg kg−1 food-
borne TiO2NPs (21 nm, 25% anatase, 75% rutile) for 8 weeks and did
not observe any effects on growth, feeding and the blood circular sys-
tem. Federici et al. (2007) observed a thickening of the lamellae and
the formation of oedema in the gills after a 14-d exposure of rainbow
trout to 100–1000 μg L−1 TiO2NPs (21 nm, 25% anatase, 75% rutile).
However, these concentrations are considerably higher than those
used in the present study (3.1–50.1 μg L−1 Ti; Table 1). It was stated
that TiO2NPs are probably not a major ionoregulatory toxicant for fish,
sinceminor effects on themain electrolytes (Na+, K+ andCa2+) and tis-
sue moisture content were found (Federici et al., 2007). Hence, these
findings and our results indicate, that TiO2NPs at environmentally rele-
vant concentrations of Ti (≤50 μg L−1) have no impact on the growth of
rainbow trout.

3.4. Ag and Ti levels in O. mykiss

The Ag and Ti levels were analysed in carcass, stomach and intestine
at the end of the 28-d exposure period (Fig. 2). The Ag content deter-
mined in all fish organs increased with increasing Ag concentration in
the three different tested treatments (wastewater-borne, effluent-
supplemented and water-dispersed AgNPs; Fig. 2A, C, E). In general,
the highest Ag content was obtained in the intestine, with a maximum
Ag content of 582 μg kg−1 measured for animals exposed to 28 μg L−1

AgNPs supplemented to the effluent (Fig. 2E). The elevated Ag levels de-
termined in the digestive tract were most probably caused by oral
uptake of AgNPs or Ag+ attached to food pellets or in the form of aggre-
gates, as described for several NPs (Johnston et al., 2010; Scown et al.,
2010). Nevertheless, the presence of Ag in the carcass indicates that
Ag was taken up by fish through crossing the intestinal or gill epithelia,
most probably in the form of Ag+. Effectively, it has been shown that
AgNPs and Ag+ are taken up by the gills and transported via the blood
to other internal organs like the liver (Scown et al., 2010; Wood et al.,
1996). In a previous study, we investigated the uptake and bioavailabil-
ity of Ag dispersed in water, wastewater and planktonic-borne AgNPs
(NM-300K) in a 28-d bioaccumulation experiment with rainbow trout
(Zeumer et al., 2019).While a limitedAguptake into the carcasswas ob-
served following dietary exposure (121.5 μg kg−1 total Ag), the expo-
sure of fish to 12.4 μg L−1 total Ag from water dispersions led to high
Ag levels in the gills and carcass of fish, indicating aminor role of the di-
gestive tract and a major role of the gill in the Ag uptake route (Zeumer
et al., 2019). In the present study, we also calculated Ag transfer factors
(see Supporting information, Fig. S2) for the fish organs. Generally, the
highest transfer factors (9.7–10.0 L kg−1 in carcass, 6.3–6.4 L kg−1 in
stomach, 32.7–42.9 L kg−1 in intestine) were found in animals exposed
to water-dispersed AgNPs regardless of the Ag concentration in the
water. In comparison to the water-dispersed treatment, the Ag transfer
factors after exposure to wastewater-borne AgNPs (0.8–1.0 L kg−1 in
carcass, 1.2–2.0 L kg−1 in stomach, 4.2–19.9 L kg−1 in intestine) or efflu-
ent supplemented AgNPs (1.3–3.9 L kg−1 in carcass, 1.5–3.1 L kg−1 in
stomach, 13.3–20.8 L kg−1 in intestine) were relatively lower. In efflu-
ents, the AgNPs were probably mostly transformed to Ag2S as inferred
by Hartmann et al. (2019); these authors showed that Ag is associated
with sulphur. Therefore, in our study, the Ag derived from
wastewater-borne and effluent supplemented AgNPs was probably
less bioavailable for rainbow trout due to potential sulfidation.

Regarding the Ti levels in fish organs after TiO2NPs exposure, no
significant differences to the respective EFF and DW controls were
observed for any of the treatments (Fig. 2B, D, F). In fact, we obtained
relatively high Ti concentrations within the analysed organs of the
EFF (159.2, 170.8 and 2943.9 μg kg dry weight−1 in carcass, stomach
and intestine, respectively) and DW controls (119.7, 263.6 and
1782.5 μg kg wet weight−1 in carcass, stomach and intestine, respec-
tively). Likewise, Federici et al. (2007) observed 200–400 nmol Ti g
dry weight−1 (equal to 9580 μg Ti kg dry weight−1) in the muscle
of untreated (dechlorinated tap water) rainbow trout, while
Ramsden et al. (2009) detected 1–8 nmol Ti g dry weight−1 (equal
to 48–380 μg kg dry weight−1) in several tissues of rainbow trout
from the control (dechlorinated tap water). Taking into account
these findings, the Ti values obtained in our study indicate a natural
Ti background in fish, which might depend on the natural Ti levels of
the region where fish were obtained and the used commercial fish
food. Further, this high natural Ti background might have hidden a
potential uptake of Ti from TiO2NP treatments. Nevertheless,
Johnston et al. (2010) observed no uptake of TiO2 into the tissues
of rainbow trout after a 9-d aqueous exposure to 5000 μg L−1 TiO2

(34 nm) and a 21-d dietary exposure to 300 mg g−1 TiO2. These au-
thors stated that the aggregation and/or association of TiO2NPs
with biological material (e.g. suspended solids in WWTP effluents)
limit their bioavailability even if these aggregates are taken up orally.
Therefore, it seems that TiO2NPs administered through water, either
as wastewater-borne, effluent-supplemented or water-dispersed,
are not bioavailable to rainbow trout.

3.5. Effects on biochemical markers in O. mykiss

3.5.1. Effects of the effluent
The effects of the effluent itself (EFF) were also assessed at the

biochemical level in fish and some alterations were perceived. For in-
stance, in the gills, there was a significant 214% increase of LPO levels
in effluent control comparatively to DW control (p b 0.05, AgNPs ex-
periment, Fig. 3), suggesting lipid oxidative damage in these organs.



Fig. 2. Total Ag and Ti levels inOncorhynchusmykiss organs after 28 d exposure towastewater-borne, effluent-supplemented (Supp. effluent) andwater-dispersed (Water) AgNPs (A, C, E)
and TiO2NPs (B, D, F). DW, EFF and DA are dilution water, effluent and dispersing agent controls, respectively. (A, B), (C, D) and (E, F) represent Ag and Ti levels (μg kg−1 wet weight) in
carcass, stomach and intestine, respectively. Bars are mean± SE of five (A, C, E) and four (B,D, F) organisms. Asterisks represent statistically significant differences (p ≤ 0.05) relatively to
the respective controls, according to Dunnett's post-hoc test.
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In the muscle, total protein levels and CEA decreased significantly by
20% and 12% (respectively) in EFF comparatively to DW (p b 0.05,
TiO2NPs experiment, Supporting information, Table S4). The WWTP
effluents are complex matrices constituted by a mixture of various
substances, including some potential contaminants. Even though
chemical analyses allowed us to record the presence of Ag and Ti in
effluent-based treatments (Table 1), the occurrence of additional
compounds in these treatments, including the EFF controls, should
not be neglected. Notwithstanding, these additional constituents in
the EFF controls, like e.g. natural organic matter and/or other dis-
solved organic and inorganic molecules, alone or combined with
mineral colloids, were probably responsible for the observed effects
(Meinelt et al., 2008).
3.5.2. Effects of the dispersing agent
In order to verify the potential influence of the dispersant agent in

NM-300K on rainbow trout biochemical markers, a dispersant control
was included in the experimental design. In our study, there was a sig-
nificant increase above DW control of 73 and 65% in the activity of GST
and LPO levels, respectively, in gills of fish exposed to DA (p b 0.05,
AgNPs experiment Fig. 3E and F, respectively), thus suggesting an effect
of DA by inducing detoxification mechanisms and enhancing oxidative
damage of lipids. Since the dispersant constituents have lipophilic prop-
erties, they could interact with the lipid moiety of the cell membrane,
thus leading to a potential increase in the uptake of NPs into the cell
contributing to the overall toxicity of the mixture (Deng et al., 2017;
Handy et al., 2012). In an experiment with waterborne AgNPs, Clark
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et al. (2018) observed that the number of blood erythroblasts of rain-
bow trout juveniles was significantly higher in dispersant control solu-
tions (similar mixture; 0.001% of 4% of each chemical) comparatively to
negative control after 4 days. Nevertheless, other studies showed that
the dispersing agent used for increasing NM-300K solubilization did
not have any relevant effects on other biota [see e.g. Muth-Köhne
et al., 2013 for zebrafish (D. rerio) embryos; McKee et al., 2017 for
9–12 d old springtail (Folsomia candida); Kühr et al., 2018 for amphipod
(Hyalella azteca) adults]. However, the toxicity and adverse effects of
synthetic dispersants used to stabilize AgNPs remain inconclusive and
further studies are necessary to assess the potential side-effects of
these compounds on fish.
3.5.3. Effects of AgNPs exposure

3.5.3.1. AChE in the brain. There was no change in the activity of AChE in
the brain of O. mykiss exposed to all AgNP-containing treatments
(Fig. 3A). Our results are consistent with Klingelfus et al. (2017), who
showed that 0.2–20 μg L−1 of PVP coated AgNPs (20 nm), administered
through prey as food, had no effect on AChE activity in the brain of
Hopalias intermedius after 96 h and 40 d exposure. However, the bio-
chemical responses related to the synthesis and/or inhibition of AChE
activity after exposure to AgNPs need further clarification, since they
may vary according to type and size of NPs, dispersing agent or coating,
and the prevailing experimental conditions.
Fig. 3.Effects ofwastewater-borne, effluent-supplemented andwater-dispersedAgNPs on enzy
(LDH), (C) liver superoxide dismutase (SOD), gills (D) and liver (G) catalase (CAT), gills (E) and l
liver (I) of O. mykiss after 28 d exposure. DW, EFF and DA are dilution water, effluent and dispe
represent statistical differences (p b 0.05) relatively to the respective controls according to o
necessary) or Kruskal-Wallis followed by Dunn's post-hoc test. Number sign represents statisti
3.5.3.2. Oxidative stress in liver and gills. In comparison to the controls,
there was an increase in the activity of hepatic SOD and CAT (Fig. 3C,
G) of fish exposed to 1.4 μg L−1 of wastewater-borne AgNPs (132%
and 129%, respectively) and 5.4 μg L−1 of water-dispersed AgNPs (42%
and 87%, respectively), thus indicating an increase of oxidative stress
in fish liver exposed to these treatments. Furthermore, as depicted in
Fig. 3H, fish exposed to wastewater-borne AgNPs at the lowest concen-
tration, corresponding to 1.4 μg L−1 of total Ag, showed a significant 55%
increase of hepatic GST comparatively to EFF. Similarly, the exposure of
Oryzias latipes embryos to 125–250 and 6.2–1000 μg L−1 of PVP-
stabilized AgNPs (29.9± 5.0 nm) resulted in an increase of SOD activity
and a decrease in the levels of reduced glutathione after 7 d (Wu and
Zhou, 2012). The increase of CAT activity in the liver of fish exposed to
almost all of the AgNPs-containing treatments (Fig. 3G) was associated
with the absence of changes in the hepatic LPO levels (Fig. 3I), thus sug-
gesting that the liver used the antioxidative defence capacities to pre-
vent the oxidative damage. This is particularly relevant in fish exposed
to either 1.4 μg L−1 of wastewater-borne AgNPs or 5.4 μg L−1 of
water-dispersed AgNPs, since the respective associated detoxification
mechanisms in the liver also increased at these tested concentrations
(GST, Fig. 3H). In the gills, the CAT activity increased by 76 and 69%
with 1.4 and 2.4 μg L−1 of wastewater-borne and effluent-
supplemented AgNPs, respectively (Fig. 3D). The increase of CAT activ-
ity in the gills could be associated with an effective antioxidant defence
response, which eventually compensates the inactivation of other anti-
oxidant enzymes like e.g. GST (Fig. 3E). Effectively, a decrease of GST
matic activities of (A) brain acetylcholinesterase (AChE), (B)muscle lactate dehydrogenase
iver (H) glutathione S-transferase (GST); and lipid peroxidation (LPO) levels in gills (F) and
rsing agent controls, respectively. Bars representmeans of 8–10 organisms± SE. Asterisks
ne-way ANOVA followed by Dunnett's post-hoc test (data was log10 transformed when
cal difference (p b 0.05) between DW and EFF according to the independent t-test.



10 R. Zeumer et al. / Science of the Total Environment 723 (2020) 137974
activity in the gills by 35 and 30% with 1.6 and 5.4 μg L−1 of water-
dispersed AgNPs was respectively observed (Fig. 3E). These results are
in agreementwithKhan et al. (2017), who showed a decrease of GST ac-
tivity in the gills of the Indianmajor carp (Labeo rohita), after 14 or 28 d
of exposure to 55 mg L−1 of AgNPs (~18 nm). Working with environ-
mentally relevant concentrations, Shobana et al. (2018) noticed a signif-
icant decrease of GST activity in the gills of L. rohita exposed to 2.5 or
5 μg L−1 of AgNPs (20–50 nm) for 21 d. Furthermore, these authors no-
ticed an increment of GST activity in the liver of carp with 5 μg L−1 of
AgNPs after the same exposure time, which is also concordant with
our results.

In general, the LPO levels in the gills and liver of fish exposed to all
AgNP-containing treatments were unchanged, with the only exception
of a significant reduction in the gills by 53% with 2.4 μg L−1 of
effluent-supplemented AgNPs (Fig. 3F, I), suggesting an absence of oxi-
dative damage of lipids in the tissues of both organs. These results con-
trastwith previous studies, which demonstrated the potential oxidative
damage of AgNPs to fish after chronic exposures (e.g. Khan et al., 2017).
Notwithstanding, our results are supported by Scown et al. (2010),
which showed that 10 and 100 μg L−1 of AgNPs (10 and 35 nm) dis-
persed in tap water for 10 d had no effects on the LPO levels of gills
and liver of rainbow trout juveniles. These authors explained the ab-
sence of oxidative damage in the analysed tissues by the presence of a
mucous layer surrounding the gill epithelia, thereby impeding the up-
take of AgNPs. Effectively, in our study, the effects of AgNPs on the anti-
oxidant enzymes were observed in both organs, and moreover, Ag
levels in fish carcass further prove that Ag+was effectively internalized.
However, a suitable explanation for the insignificant variation of LPO
levels in fish with almost all AgNPs-containing treatments can be re-
lated to: (i) the exposure time, which was not long enough to cause
lipid damage at lowAgNP concentrations and/or; (ii) the overall antiox-
idative defence system could have effectively mitigated the oxidative
stress caused by AgNPs.

3.5.3.3. LDH and energy related parameters in themuscle. The available in-
formation about the potential effects of metallic NPs on the anaerobic
metabolism of fish is scarce. A significant increase of LDH activity
(283% compared to EFF) was observed in the muscle of rainbow trout
exposed to the highest AgNP concentration (28 μg L−1 Ag) supple-
mented to the effluent (Fig. 3B), thereby pointing to an increase of the
anaerobic metabolism in fish exposed to this treatment. Probably, the
high energy demand exerted by muscle could not bemet only by respi-
ration, as confirmed by the reduced Ec value (0.004 ± 0.000 mJ·mg−1

FW·min−1) observed with this treatment (Table 2). In other words,
fish exposed to 28 μg L−1 of AgNPs supplemented to the effluent in-
duced a significant respiratory dysfunction and the metabolism was
Table 2
Effects ofwastewater-borne, effluent-supplemented (Supp. effluent) andwater-dispersed (Wa

Parameters Controls Wastewater-borne

DW EFF DA 1.4 3.4

Lipids
(mJ mg−1 FW)

59 ± 8.7 72 ± 11.7 54 ± 6.7 51 ± 15.8 18 ± 0.1*

Carbohydrates
(mJ mg−1 FW)

53 ± 6.4 65 ± 9.0 43 ± 6.3 47 ± 12.4 16 ± 1.9*

Proteins
(mJ mg−1 FW)

1440
± 193.0

1543
± 209.8

1057
± 166.3

1155
± 300.5

433 ± 39.8*

Ea
(mJ mg−1 FW)

1448
± 191.3

1390
± 172.3

1156
± 175.5

1028
± 253.1

393 ± 39.4*

Ec
(mJ mg−1 FW
min−1)

0.013
± 0.004

0.014
± 0.004

0.018
± 0.003

0.013
± 0.001

0.004
± 0.000

CEA 83,568
± 8408

70,479
± 9016

91,367
± 22,239

56,167
± 782

38,686
± 10,494*

Ea – energy available; Ec – energy consumption; CEA – cellular energy allocation. DW, EFF and D
means of 8–10 independent experiments ± SE. Asterisks represent significant differences (p b

transformed when necessary) or Kruskal-Wallis followed by Dunn's post-hoc test.
most probably shifted towards the anaerobic glycolytic pathway. Fur-
thermore, the increase of lactate following exposure to 28 μg L−1 Ag
was probably not enough to replenish the glucose levels viamuscle glu-
coneogenesis (Ale et al., 2018; Lacave et al., 2018), since carbohydrate
levels were also greatly reduced (42% compared to EFF) at this concen-
tration (Table 2). Another possible explanation for the observed effects
of AgNPs on LDH activity could also be related with a potential inhibi-
tion of the oxygen and carbon dioxide exchange mechanisms in the
gills, leading to the use of alternative (anaerobic) pathways in the
same or alternative tissues (e.g. muscle), in order to cope with the im-
posed nanochemical stress (Lee et al., 2012; Valerio-García et al.,
2017). Notwithstanding, our results are in accordance with Wu and
Zhou (2012), who demonstrated that the LDH activity of medaka
(O. latipes) embryos increased in a time-dependent and
concentration-dependent manner with 62.5–1000 μg L−1 of AgNPs
after 9 days of exposure. Relatively to energy related parameters in rain-
bow trout muscle, there was a significant depletion comparatively to
controls in each of the fractions of total lipids, proteins, and carbohy-
drates in almost all AgNP-containing treatments (Table 2), thus contrib-
uting to the overall decrease of the Ea: (i) Ag from wastewater-borne
AgNPs (72 and 67% with 3.4 and 28.8 μg L−1 Ag, respectively); (ii)
effluent-supplemented AgNPs (44, 63 and 37% with 2.4, 5.5 and
28 μg L−1 Ag, respectively); and (iii) water-dispersed AgNPs (57 and
48% with 1.6 and 5.4 μg L−1 Ag, respectively). The depletion of the en-
ergy reserves in the muscle was probably a result of the drainage of
these macromolecules to the associated detoxification mechanisms
due to the metabolic dysfunction that eventually occurred in another
organs/tissues.

Few data are currently available on the inhibition of synthesis of
lipids (and/or increase of their degradation) in fish exposed to AgNPs.
Notwithstanding, a decrease in the content of these biomolecules has
been related to an increase in the energetic request associated with
the stress imposed by AgNPs (Valerio-García et al., 2017). Although
not statistically significant, a decrease of 14 and 18% of total lipids was
observed in Prochilodus lineatus muscle respectively exposed to 2.5
and 25 μg L−1 of AgNPs (nanArgen®, 20–40 nm) for 15 d (Ale et al.,
2018). In another recent study, Lacave et al. (2017) observed that sev-
eral genes related to lipid transport and lipid localizationwere regulated
in the liver of D. rerio adults [daily fed with brine shrimp larvae previ-
ously exposed to 100 ng L−1 and 100 μg L−1 of AgNPs (PVP/PEI coated,
8.08 nm) for 3 days] after 21 days of fish exposure to AgNPs. An exces-
sive accumulation of lipid droplets in fish hepatocytes after 28 d of ex-
posure to 1.5 mg L−1 of AgNPs (b100 nm) was confirmed in rainbow
trout by Ostaszewska et al. (2018), thus indicating a reduced fatty acid
utilization and/or impaired lipid catabolism in the affected cells. Regard-
less of the different mobilization pathways and the specific organs
ter) AgNPs on the energy related parameters in themuscle ofO. mykiss after 28 d exposure.

Supp. effluent Water

28.8 2.4 5.5 28 1.6 5.4

21 ± 3.9* 39 ± 7.0* 17 ± 0.8* 34 ± 5.7* 29 ± 4.8* 23 ± 2.0*

23 ± 2.6* 31 ± 4.3* 23 ± 2.2* 38 ± 8.0* 20 ± 2.1* 28 ± 4.7

591
± 72.5*

708
± 82.5*

484 ± 39.9* 803
± 168.5*

635
± 101.8*

682
± 70.5

453
± 49.0*

771
± 88.2*

521 ± 45.6* 875
± 175.5*

592 ± 50.1* 722
± 86.9*

0.013
± 0.002

0.012
± 0.002

0.006
± 0.001

0.004
± 0.000*

0.024
± 0.003

0.011
± 0.002

17,682
± 1708*

63,111
± 9415

83,057
± 22,939*

100,375
± 7820*

78,245
± 17,584

52,086
± 9971

A are dilution water, effluent and dispersing agent controls, respectively. Values represent
0.05) according to one-way ANOVA followed by Dunnett's post-hoc test (data was log10



11R. Zeumer et al. / Science of the Total Environment 723 (2020) 137974
responsible the for accumulation of lipid reserves, it seems that the de-
pletion of total lipids in rainbow trout in our study could have been in-
duced by the high energy demand of the whole organism through a yet
unknown mechanism of disturbance of lipid metabolism (Cedervall
et al., 2012; Valerio-García et al., 2017).

The overall reduction of total carbohydrate content observed in
this study with almost all tested treatments (Table 2) could be indic-
ative of an increase of the fish energetic demands used for detoxifica-
tion processes in order to cope with AgNPs. A reduction of 25% of
total carbohydrates was recently observed in the muscle of the
goodeid fish (Chapalichthys pardalis) adults exposed to 4.1 mg L−1

of PVP-AgNPs (20 nm) for 21 days (Valerio-García et al., 2017). Sim-
ilarly, a reduction of 53% of muscle carbohydrates was recently dem-
onstrated in catfish (Mystus gulio) fingerlings exposed to 0.4 mg L−1

of AgNPs for 15 days (Abirami et al., 2017). Even though much lower
concentrations were tested in our study, it can be hypothesized that
the observed depletion of total carbohydrates could be associated
with a reduction of the muscle glucose levels due to a high energy
demand imposed by AgNPs (Abirami et al., 2017; Valerio-García
et al., 2017).

With few exceptions, all AgNP-containing treatments caused a sig-
nificant decrease of total proteins comparatively to controls in themus-
cle (Table 2). As stated for total lipids and total carbohydrates, the
decrease of total proteins can be related to an increase in the energy
cost required by fish in order to maintain homeostasis under chemical
stress, since tissue protein content depends on the dynamic equilibrium
between synthesis and degradation mechanisms of these
Fig. 4. Effect of wastewater-borne, effluent-supplemented (Supp. effluent) and water-dispers
muscle lactate dehydrogenase (LDH), (C) liver superoxide dismutase (SOD), gills (D) and liver (
(LPO) levels in gills (F) and liver (I) of O. mykiss after 28 d exposure. DW, EFF and DA are dilutio
independent experiments ± SE. Asterisks represent statistical differences (p b 0.05) according t
necessary) or Kruskal-Wallis followed by Dunn's post-hoc test.
macromolecules (Ale et al., 2018). A significant reduction of 60% of
total protein contentwas recently noticed in themuscle of P. lineatus ju-
veniles treated with 25 μg L−1 of AgNPs (nanArgen®, 20–40 nm) for
15 days (Ale et al., 2018). In spite of a potential mobilization of amino
acids to cope with the nanochemical stress, some studies have effec-
tively shown that AgNPs can disrupt protein structure and enzyme
function through binding of Ag+ to negatively charged thiol groups of
amino acids, peptides and proteins, thus causing disturbances of energy
homeostasis (Ravindran et al., 2012).

3.5.4. Effects of TiO2NPs

3.5.4.1. AChE in the brain. An increase of AChE activity of 24% was found
in rainbow trout brain with 50.1 μg L−1 Ti supplemented effluent com-
paratively to controls, but no alterations were found in fish exposed to
water-dispersed TiO2NPs (Fig. 4A). Sheng et al. (2016) also found alter-
ations in other neurotransmission markers in a 45-d experiment with
D. rerio adults exposed to anatase TiO2NPs. Effectively, these authors ob-
served a concentration dependent decrease of other neurotransmitters
with important functions in brain development and cognitional func-
tion, viz. norepinephrine, dopamine and 5-hydroxytryptamine, with
10–40 μg L−1 of TiO2NPs (anatase, 5–6.5 nm) dispersed in zebrafish cul-
turemedium (Sheng et al., 2016). Xia et al. (2017) observed an increase
of AChE activity in gills and digestive gland of the marine scallop Chla-
mys farreri by the factor of 4.43 and 1.74, respectively, compared to
the control after 14-d exposure to 1 mg L−1 TiO2NPs (98.6% anatase,
1.4% rutile), but also stated that the involvedmechanism stayed unclear.
ed (Water) TiO2NPs on enzymatic activities of (A) brain acetylcholinesterase (AChE), (B)
G) catalase (CAT), gills (E) and liver (H) glutathione S-transferase (GST); lipid peroxidation
n water, effluent and dispersing agent controls, respectively. Bars representmeans of 4–10
o one-way ANOVA followed by Dunnett's post-hoc test (data was log10 transformedwhen
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Together, these findings suggest that the chronic exposure of fish to
TiO2NPs can lead to neurological alterations when fish are exposed in
aqueous suspensionswith certain levels of organicmatter. Furthermore,
the AChE activity in the brain of P. lineatus juveniles remained constant
after 30 d of exposure to 0.1–10 μg L−1 of TiO2NPs (21 nm) dispersed in
tapwater (Miranda et al., 2016), which is in accordancewith our results
obtained for O. mykiss exposed to water-dispersed TiO2NPs (Fig. 4A),
and thus confirming that the neurotoxicological effects of TiO2NPs
were absent in exposure media without any organic load. On the
other hand, the absence of effects of wastewater-borne TiO2NPs in fish
AChE activity (Fig. 4A) could be explained by the lower total Ti levels
measured in these treatments.

3.5.4.2. Oxidative stress in liver and gills. The evaluation of the potential
induction of oxidative stress by TiO2NPs in exposed fish is particularly
important, since it is known that TiO2NPs are photoactive and produce
ROS (Bermejo-Nogales et al., 2017). In the gills, the significant increase
of GST activity (50–99% above controls) and LPO levels (210–382%
above controls) in water-dispersed TiO2NPs treatments respectively in-
dicate oxidative stress and oxidative damage (Fig. 4E, F). However, the
CAT activity remained unchanged in the gills of fish exposed to all
water-dispersed TiO2NPs (Fig. 4D). Notwithstanding, CAT activity in-
creased by 56 and 69%, with 4.0 and 50.1 μg L−1 of total Ti present in
wastewater-borne and effluent-supplemented treatments, respectively
(Fig. 4D).

In the present study, the decrease of liver SOD activity by 31 and
32% with 3.8 and 4.0 μg L−1 of wastewater-borne TiO2NPs (Fig. 4C)
respectively, could be indicative of an impairment of the antioxidant
defence system. For instance, Hao et al. (2009) found that the activity
of the hepatic SOD of juvenile carp (Cyprinus carpio) showed a signif-
icant decrease after 8-d exposure to 50–200 mg L−1 of TiO2NPs (ru-
tile, 50 nm). On the other hand, in the present study, the hepatic CAT
activity increased with the highest Ti concentrations resulting from
wastewater-borne TiO2NPs (4.0 μg L−1, 37% increase above controls)
and water-dispersed TiO2NPs (22.9 and 42.8 μg L−1, 41 and 36% in-
crease above controls, respectively), thus indicating oxidative stress
in this organ (Fig. 4G). Furthermore, a significant increase of LPO
levels in liver (203–315%) of fish exposed to wastewater-borne,
effluent-supplemented and water-dispersed TiO2NPs, denote he-
patic oxidative damage induced by TiO2NPs irrespective of the expo-
sure matrix.

Overall, the obtained results suggest that: (i) the antioxidant de-
fence systemofO.mykisswas activated in order to prevent cellular dam-
age during TiO2NP exposure; (ii) different adaptative mechanisms
operated in the gills and liver in order to counteract the increased oxida-
tive stress; and (iii) despite these mechanisms, oxidative damage oc-
curred in both organs of fish exposed to different treatments.
Accordingly, the obtained results could be explained by each one of
the main mechanisms (or their combination), which ultimately lead
to toxicity of TiO2NPs on rainbow trout: (i) photocatalytic activity (pho-
totoxicity) of TiO2NPs; (ii) physical stress associated with the size and
surface properties of TiO2NPs (cytotoxicity); and/or (iii) capacity of
TiO2NPs to adsorb other potential xenobiotics present in the exposure
media (Callaghan and MacCormack, 2017; Clemente et al., 2015). De-
spite of thesemechanisms, the occurrence of oxidative stress in rainbow
trout could bemost probably related to the direct production of ROS by
TiO2NPs (with or without irradiation), which, ultimately, may be a re-
sult of the hypoxia induced by the adsorption of TiO2NPs to the gills,
thereby causing the occlusion of this organ (Boyle et al., 2013). In
brief, the interpretation of oxidative stress mechanisms caused by Ti
present as TiO2NPs on fish are complex and should be interpreted
with caution, since it depends of several factors like e.g. the exposure
media, formulation type and experimental conditions.

3.5.4.3. LDH and energy related parameters in themuscle. The LDH activity
(Fig. 4B) and almost all of energy related parameters (Table S4)
remained unchanged in the muscle of fish exposed to all TiO2NP-
containing treatments,with only fewexceptions. The only significant al-
teration on LDH was a 22% decrease of its activity with 3.8 μg L−1 of
wastewater-borne TiO2NPs (Fig. 4B), which could be explained by a
bindingmechanism of Ti or TiO2NPs to the LDH protein, with the conse-
quent enzymatic inactivation, as proposed by Zaqout et al. (2012). Nev-
ertheless, this mechanism needs to be further confirmed, since these
authors used a purified form of LDH and much higher concentrations
of TiO2NPs (Zaqout et al., 2012).

Contrary to AgNP experiments, the energy reserves in fish were not
affected by exposure to themedia containing TiO2NPs. This is consistent
with the findings of Ramsden et al. (2009), which showed that rainbow
trout's carcass composition at the end of an 8-week dietary experiment
with 100 mg kg−1 TiO2NPs (Aeroxide® P25, anatase-rutile, 21 nm)
remained practically unchanged, thus confirming the absence of any
significant variations in the major energy reserves of fish. In other ex-
periment with P. lineatus, it was noticed that fish exposed to
1–50 mg L−1 of TiO2NPs (Aeroxide® P25, anatase-rutile, 21 nm) for
14 d did not either display changes in aerobic respiration nor did pres-
ent hypo- or hyperventilation (Do Carmo et al., 2018). Although few
studies have demonstrated that TiO2NPs caused respiratory distress as-
sociated with oxidative stress on fish (e.g. Boyle et al., 2013; Federici
et al., 2007;Hao et al., 2009; Ramsden et al., 2009), none of them consid-
ered environmentally-relevant concentrations after long periods of
time (chronic; 28 d) like those presented herein.

4. Conclusions

In our study we combined the production of AgNP- and TiO2NP-
containing effluents from model WWTPs with the investigation of sev-
eral endpoints in O. mykiss after chronic exposure. It was shown that
AgNPs and TiO2NPs, with concentrations b52 μg L−1 did not inhibit
growth in rainbow trout. The analyses of total Ag and total Ti levels in
fish organs indicate a lower bioavailability of Ag from wastewater-
borne AgNPs to rainbow trout compared to their water-dispersed coun-
terparts due to their potential sulfidation in theWWTP. No uptake of Ti
from TiO2NPs in any of the tested treatments was observed. Hence, al-
though both NPs did not inhibit the growth of rainbow trout at the
tested concentrations, regardless of the source of NPs, their passage
through WWTPs seemed to lower AgNPs bioavailability to fish, based
on themeasured Ag concentrations in the organs. Despite thesefindings
at the individual level, the changes at the biochemical level, assessed
through several biochemical markers following exposure to AgNPs or
TiO2NPs, have shown a different pattern of the organism's reaction to
contaminations with each type of NPs. Regarding AChE, none of the
AgNP-containing treatments induced a change in this biochemical
marker, while the highest tested Ti concentration (50.1 μg L−1) of
TiO2NPs supplemented to the effluent induced a significant increase in
AChE activity. This suggests a potentially neurotoxic effect caused by
the combination of TiO2NPs with other substances from the effluent
matrix. On the other hand, TiO2NPs had no effect on the energetic re-
serves of the fish, while total proteins, lipids and carbohydrates were
depleted following exposure to nearly all AgNP-containing treatments.
Besides, our results revealed substantial effects of the effluentmatrix it-
self at the biochemical level, thereby causing oxidative stress and alter-
ations in energy reserves.

Essentially, our study shows that wastewater-borne NPs still pose a
risk to freshwater fish thereby affecting the animals at the biochemical
level. However, the interactions and synergetic effects of NPs with po-
tentially harmful substances present in complex natural matrices, like
the effluents from WWTPs, are still unknown and should be addressed
in future studies. This will allow the establishment of a more reliable
risk assessment of AgNPs and TiO2NPs at environmentally relevant con-
centrations in the aquatic environment. Likewise, the localization of
wastewater-borne NPs in fish tissues and organs should be performed
in future studies, in order to investigate whether the NPs themselves
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were taken up into the tissues or if the observed effects were purely
based on ions as herein assessed.
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