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Abstract 

The widespread production and application of synthetic polymers has resulted in an annual 

global output of over 400 million metric tons. While their desirable properties support modern 

infrastructure and products, the transition toward a circular polymer economy is expected to 

dramatically increase the release of micro- and nanoplastics into the environment. These 

particles originate from various sources, including textiles, packaging, and tire abrasion, and 

have become pervasive across ecosystems, such as air, water, food, beverages, and even human 

tissues. The lack of standardized methods, particularly for particles smaller than 5 mm, remains 

a key regulatory and scientific barrier, as acknowledged by the European Commission. To 

address this, the primary objective of this doctoral thesis was to develop enrichment and 

analytical methods using material-binding peptides for the reliable detection and quantification 

of MP/NPs in environmental water samples and human tissues. 

In the first part of the work, an enrichment platform called MagNanoTrap was developed. It is 

based on a custom-engineered bifunctional peptide (LCI-DZ-MBP1) that functionalizes Fe₃O₄ 

superparamagnetic nanoparticles. The LCI domain binds iron oxide beads, while MBP1 targets 

common plastic types such as polypropylene, polyethylene, polystyrene, and polyethylene 

terephthalate. This platform achieved an adsorption capacity of 3.95 ± 0.14 g/g for 500 nm 

polystyrene nanoparticles. In combination with pyrolysis–gas chromatography/mass 

spectrometry, the method enabled detection down to 0.061 µg of PS from only 1 L of water 

using 16 mg of coated SPIONs. The system proved effective across seven environmental water 

types, including river, lake, sea, and wastewater, for detecting a broad range of polymer types. 

In the second part, a dual-functional biohybrid catalyst system was developed, named Hooked 

for Decay, for simultaneous micro- and nanoplastics capture and degradation. This system 

combines a Grubbs-Hoveyda catalyst with a peptide variant (LCI_F16C) immobilized on iron 

oxide beads. It forms a hydrophobic polynorbornene coating via ring-opening metathesis 

polymerization, allowing rapid capture of various hydrophobic nanoplastics such as 

polypropylene, polyethylene, polystyrene, poly(ethylene terephthalate), poly(methyl 

methacrylate), and styrene-butadiene rubber. The system demonstrated a high adsorption 

capacity (5.53 ± 0.29 g/g for polystyrene nanoplastics) and a 99% recovery rate for styrene-

butadiene rubber nanoplastics. Moreover, the embedded catalyst retained its ethenolysis 

activity, achieving a 6.5% degradation of styrene-butadiene rubber, validating the potential of 

combined capture and degradation. 
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In the final part of this work, micro- and nanoplastics were successfully detected and quantified 

in 139 human kidney tissue samples using pyrolysis–gas chromatography/mass spectrometry. 

Eight different types of polymers were identified and quantified. Visualization of MP/NPs in 

kidney tissue was achieved using a fluorescently labeled peptide (“plastibody”). Importantly, 

an inverse correlation between MP/NP content and estimated glomerular filtration rate was 

observed, suggesting a possible link between particle accumulation and declining kidney 

function. 

In summary, this thesis presents significant advances in the enrichment, detection, 

quantification, and biological assessment of micro- and nanoplastics. Two peptide-based 

nanotechnologies were developed: MagNanoTrap, which facilitates the efficient capture, 

identification, and quantification of nanoplastics in environmental water samples; and Hooked 

for Decay, which not only captures hydrophobic nanoplastics but also enables partial 

degradation of styrene-butadiene rubber nanoparticles. Furthermore, this work provides 

evidence of micro- and nanoplastic accumulation in kidneys and its potential association with 

impaired kidney function. Together, these findings contribute to the development of next-

generation tools for environmental monitoring and public health assessment in the context of 

plastic pollution.  
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1 Introduction 

1.1 Challenge of MP/NPs for environmental and human health 

Fully synthetic plastics first came into people’s view as Bakelite in 1907.1 From then on, the 

potential and possibilities of plastics for industrial applications were continuously explored. 

Until the 1950s, plastics began to be produced commercially on a large scale.2 In 2023 alone, 

global polymer production, including widely used plastics such as polypropylene (PP), 

polystyrene (PS), polyethylene (PE), polyethylene terephthalate (PET), poly(methyl 

methacrylate) (PMMA), polycarbonate (PC), polyvinyl chloride (PVC) and nylons 6 and 66, 

reached 413.8 million metric tons (Plastics – the fast Facts 2024 • Plastics Europe). These 

materials are favored for their strength, flexibility, and resistance to corrosion, but their 

persistence in the environment and resistance to degradation present growing ecological and 

public health concerns. 

Efforts to transition toward a circular polymer economy, emphasizing recycling, 

biodegradation, and reduced reliance on virgin plastic, are being actively promoted through 

new policies and infrastructure investments.3-5 However, paradoxically, increased plastic 

recycling and the development of biodegradable plastics may inadvertently contribute to the 

rise in environmental micro- and nanoplastics (MP/NPs) load.6 For example, it has been 

reported that up to 100 billion NPs can be released from just 1 gram of polyester textile,7, 8 

demonstrating the unintended consequences of current mitigation strategies. 

MP/NPs, defined as plastic fragments smaller than 5 mm and 1000 nm, respectively, have 

become ubiquitous pollutants across global environments.9 These particles are generated 

through various degradation processes, including mechanical abrasion, ultraviolet radiation, 

and microbial activity, which break down larger plastic debris into smaller particles.10, 11 

Additionally, MP/NPs are also directly released as primary particles through industrial 

manufacturing and consumer products, such as cosmetics, cleaning agents, or paints.6 Due to 

their small size, MP/NPs have a high mobility, allowing them to travel easily through 

interconnected water networks.12-14 They can also attach to fine airborne particulate matter 

(PM2.5), which enables their transport over long distances via atmospheric currents.15 As a 

result, MP/NPs have been detected in a wide range of environments, including soil,16 cloud,17 

surface waters,18, 19 Antarctica,20 and even deep-sea.21 Studies have also reported MP/NPs in 

https://plasticseurope.org/knowledge-hub/plastics-the-fast-facts-2024/
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food such as honey,22 bottled water,23 infant formula,24 and beverages,25 indicating a constant 

and unavoidable exposure to plastic particles in daily human life. 

NPs, in particular, differ fundamentally from MPs in terms of behavior, transport, and toxicity. 

Their extremely high surface-to-volume ratio, combined with significant Brownian motion, 

gives them unique physicochemical properties.9 These characteristics not only enhance their 

mobility but also increase their potential for cellular uptake, bioaccumulation, and adverse 

interactions with biological tissues.26 Additionally, their hydrophobic surfaces can readily 

attract and concentrate more harmful substances such as PAHs, plasticizers, flame retardants, 

and pharmaceutical residues.27 As a result, NPs are generally more bioavailable than MPs and 

pose a greater toxicological risk. Their small size allows them to penetrate biological 

membranes and,28 alarmingly, even cross the blood-brain barrier, particularly for those smaller 

than 20 nm,29 raising serious concerns about their potential to cause neurological and systemic 

health effects.  

Recent research has confirmed the presence of MP/NPs in a variety of human tissues and 

organs, including kidneys,30 lungs,31 arteries,32, 33 bones,34 eyes,35 brains,30 and even the 

placenta.36 Studies have linked MP/NP accumulation to multiple health risks, ranging from 

cardiovascular disease33 to neurodegenerative disorders like Parkinson’s disease37 and 

amyotrophic lateral sclerosis.38 Although quantification methods such as pyrolysis-gas 

chromatography/mass spectrometry (Py-GC/MS) have made it possible to detect these particles 

even in human blood, with concentrations averaging 1.6 µg/mL,39 there remains a significant 

gap in our understanding of their long-term impacts, especially in relation to organ function 

and disease progression. 

The ecological consequences are no less severe. In plants, MP/NPs have been shown to inhibit 

root elongation, reduce seed germination rates, and disturb nutrient uptake.40-42 In aquatic 

organisms, ingestion of plastic particles has been documented in a variety of species,43, 44 with 

mussels45, 46 and zebrafish47 now being explored as bioindicators of environmental plastic 

contamination. Moreover, tire-wear particles, predominantly composed of styrene-butadiene 

rubber (SBR), represent one of the largest sources of environmental MPs.48 These elastomeric 

particles degrade into nano- and microscale fragments via road abrasion and weathering49 and 

are released into the environment at an estimated 0.2 to 5.5 kg per person annually.50 

The persistence of MP/NPs in ecosystems, combined with their potential to bioaccumulate, 

alter microbial communities, and interfere with physiological processes in plants, animals, and 
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humans, makes them one of the most pressing environmental and health challenges of our 

time.6 Therefore, innovative and robust technologies are urgently needed to capture/enrich, 

detect, and degrade MP/NPs, not only to protect natural ecosystems but also to safeguard public 

health in an increasingly plastic-saturated world. 

1.2 Analytics to detect and quantify MP/NPs 

MP/NPs are persistent environmental contaminants that are increasingly detected in soil, water, 

air, and food. Their widespread presence has raised concerns about their potentially harmful, 

yet still poorly understood, impacts on ecosystems and human health.51 While scientific 

attention to this issue began years ago, public interest has recently surged due to heightened 

media coverage, particularly regarding NPs. However, the understanding of their distribution, 

fate, and effects remains limited. Regulatory frameworks, such as those being considered by 

the EU Commission, are difficult to establish due to the lack of harmonized methods for larger 

MPs (<5 mm) and the analytical challenges in reliably identifying and quantifying submicron-

sized NPs (<1 µm).52, 53 

 

Figure 1. Established and developing techniques relevant to the detection, quantification, and characterization of 

MP/NPs. Taken from the Royal Society of Chemistry.54 

Currently, only a limited number of analytical techniques are available for the detection and 

quantification of MP/NPs, each with its specific advantages and limitations. In general, 

polymer detection methods fall into three main categories: particle counting, optical micro-

spectroscopy, and mass spectrometry (Figure 1).  
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In the first category, microscopy-based approaches, such as optical microscopy, fluorescence 

microscopy, scanning electron microscopy (SEM), and transmission electron microscopy 

(TEM), are used after sample enrichment, for example, via membrane filtration.55 These 

techniques allow visualization and morphological analysis of particles ranging from the micro- 

to the nanoscale, but they offer low throughput and typically do not provide chemical 

identification. Another method used is light scattering-based analysis, particularly 

Nanoparticle Tracking Analysis (NTA), which enables size distribution and concentration 

measurement of NPs without prior enrichment.56 However, NTA cannot distinguish between 

organic NPs and inorganic particles. Moreover, the presence of larger particles may interfere 

with the detection of smaller nanoparticles, compromising the accuracy of quantification. 

Fluorescence-based techniques are more sensitive and enable high-throughput quantification. 

In these methods, MNPs are stained with hydrophobic dyes such as Nile Red57 or Plastibody 

reagents,58 and counted using fluorescence-activated cell sorting (FACS). While Nile Red 

broadly labels hydrophobic materials, it lacks selectivity and may stain non-plastic particles. 

On the other hand, Plastibody, which consists of Alexa Fluor-labeled peptide probes, shows 

greater specificity. However, broader application of Plastibody technology requires 

development of a diverse set of polymer-specific binding peptides59, 60 or a universal binding 

peptide that can reliably distinguish plastics from non-plastic particles. 

The second category, vibrational spectroscopy, involves chemical identification through 

infrared (IR) and Raman microscopy.61 These techniques are non-destructive, label-free, and 

provide spatially resolved information on polymer composition.62, 63 Micro-FTIR (µFTIR) and 

micro-Raman (µRaman) are commonly used for this purpose. While IR spectroscopy detects 

changes in dipole moment, Raman spectroscopy is sensitive to changes in molecular 

polarization and is more effective for identifying polymers with symmetric structures and 

repeating units.64, 65 Despite their advantages, both techniques are limited by the optical 

diffraction limit and detector sensitivity. µFTIR typically detects particles down to ~5–6 µm, 

whereas µRaman can reach sizes around 0.5–1 µm. Although Raman-based methods are now 

widely used for MPs detection, their limitations in throughput and size resolution have led to 

the development of advanced variants. For example, Stimulated Raman Scattering (SRS) 

Microscopy offers faster imaging and better resolution.23 However, NPs enrichment via 

membrane filtration still poses challenges in recovery and size range. To overcome this, Moon 

et al. introduced a technique using pulsed laser-induced bubble formation to collect NPs, 

followed by transfer to glass substrates for Surface-Enhanced Raman Scattering (SERS) 
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analysis, allowing the direct visualization and identification of NPs in seawater.66 In another 

approach, Shi et al. combined microfluidic manipulation with gold nanoparticle enrichment 

and SERS to identify and quantify NPs (e.g., PS, PMMA, PET) in environmental water samples 

as small as 7 mL.67 While these advanced Raman methods show great potential, their cost and 

technical complexity may hinder broad implementation. 

The third category consists of thermo-analytical techniques, such as Py-GC/MS and Thermal 

Extraction Desorption-GC/MS (TED-GC/MS).68 These methods use high temperatures to 

thermally decompose polymers into volatile components, which are then separated via gas 

chromatography and identified by mass spectrometry. This approach allows for highly 

sensitive quantification, with detection limits ranging from 0.001 µg to 1 µg, depending on the 

polymer types.33, 69 An advantage of thermo-analytical methods is that they are not constrained 

by particle size limits, provided the total polymer mass exceeds the detection threshold. 

However, these methods do not provide information on particle number, size, or morphology, 

and rely on prior enrichment to address sensitivity limitations. Despite these limitations, Py-

GC/MS has been successfully applied to detect and quantify mixed MP/NPs in a variety of 

environmental and biological matrices. These include soil,70 air,71 freshwater,18, 19 seawater,72 

wastewater,69, 73 and biotic samples such as kidneys,30 arteries,32, 33 eyes,35 and brains.30 

Moreover, these techniques have been used to detect MP/NPs in food and beverage products, 

such as seafood,74 bottled water,19 and soft drinks75. 

1.3 Remediation techniques of MP/NPs in water systems 

To date, several physical and chemical remediation technologies have been developed to 

address the removal of MP/NPs from water systems. Among the physical approaches, sand 

filtration is a widely used and energy-efficient method commonly employed in wastewater 

treatment.76 This technique relies on the mechanical trapping of plastic particles within the 

layers of sand as water passes through. Another widely studied method is membrane filtration, 

which removes MP/NPs based on the pore size of the membrane.18, 19, 69, 73, 77, 78 Depending on 

the cutoff threshold, membrane filtration can be categorized into microfiltration, ultrafiltration, 

nanofiltration, and reverse osmosis, each capable of targeting different particle size ranges from 

micrometers down to nanometers. Sedimentation represents another important physical 

strategy, where plastic particles or their flocculated aggregates are allowed to settle at the 

bottom of a tank under the influence of gravity, effectively separating them from the water.79 

Flotation, in contrast, utilizes the introduction of air bubbles into water samples.80, 81 
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Hydrophobic MP/NPs tend to attach to these bubbles and rise to the surface, where they can be 

removed through skimming or other collection techniques. 

In addition to physical methods, chemical approaches such as coagulation have proven 

effective. This method involves the addition of chemical coagulants, commonly ferric chloride 

(Fe³⁺),82 aluminum chloride (AlCl₃),83 or poly-aluminum chloride (PAC),84 which neutralize 

the surface charges of plastic particles, promoting their aggregation into larger flocs that can 

be removed through sedimentation or filtration. 

Adsorption-based techniques form a particularly broad and promising category for MP/NP 

remediation. These methods utilize a range of physically or chemically functionalized 

materials, including carbons,85 sponges/aerogels/fibers,86-88 metal (hydr)oxides,89 and 

zeolites/metal-organic frameworks (MOFs)/covalent-organic frameworks (COFs).90-93 The 

underlying mechanism of adsorption relies on multiple types of interactions between the 

adsorbent and plastic particles. These include hydrophobic interactions, electrostatic attraction, 

π–π stacking, van der Waals forces, and hydrogen bonding.94 The effectiveness of these 

interactions depends on the physicochemical properties of both the adsorbent surface and the 

MP/NPs. 

Overall, while each method has its own advantages and limitations, a combination of physical 

and chemical strategies is often necessary to achieve efficient and reliable removal of MP/NPs 

from complex environmental water systems. 

1.3.1 Magnetic materials-based techniques for MP/NPs enrichment  

Superparamagnetic iron oxide nanoparticles (SPIONs), typically composed of Fe₂O₃ or Fe₃O₄, 

have recently gained significant attention as effective adsorbents for enriching organic 

compounds from aqueous environments. These nanoparticles offer a unique combination of a 

high surface-to-volume ratio and the ability to be easily separated from water using magnetic 

fields, making them both efficient and cost-effective for large-scale applications. Unmodified 

SPIONs have demonstrated the capability to remove contaminants such as glyphosate from 

water. More advanced designs, such as core-shell and double-shell SPION structures, have 

shown high efficacy in extracting crude oil, hydrocarbons, and other hazardous organic 

pollutants from water sources.95-103 

Depending on their surface chemistry, iron oxide beads can interact with MP/NPs through 

various mechanisms. Bare iron oxide nanoparticles, which possess hydroxyl groups on their 

surfaces, can bind MP/NPs via hydrogen bonding.104 When functionalized with long 
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hydrophobic alkyl chains, such as a C18 tail, iron oxide beads are capable of capturing MP/NPs 

through enhanced hydrophobic interactions.72, 105, 106 Similarly, iron oxide beads coated with 

polyoxometalate-based ionic liquids also rely on hydrophobic interactions for plastic particle 

enrichment.107 

Beyond traditional functionalized magnetic beads, researchers have also incorporated magnetic 

functionality into other materials during synthesis, giving rise to hybrid systems such as 

magnetic carbon,108 magnetic MOFs,92, 93 and even magnetically guided micro- and 

nanorobots.109-111 These multifunctional materials further expand the toolkit available for the 

targeted capture and removal of MP/NPs from complex environmental systems. 

1.3.2 Enrichment techniques applied to MP/NPs detection and quantification in environmental 

water samples 

Due to the typically low concentrations of MP/NPs present in environmental water systems, an 

enrichment step is often essential prior to their detection and quantification. This enrichment 

facilitates accurate monitoring of their presence, distribution, and potential environmental and 

human health impacts. Most current analytical methods have been developed and validated 

using water samples spiked with known concentrations of MP/NPs. These spiked samples 

allow for the controlled testing of detection sensitivity and method reliability. 

For instance, Jiménez-Lamana et al. employed positively charged gold nanoparticles to enrich 

negatively charged, carboxylated PS NPs, achieving a detection limit of 135 nm using 

inductively coupled plasma mass spectrometry (ICP-MS).112 Besides, Zhou et al. used the 

surfactant Triton X-45 to extract PS and PMMA NPs, followed by analysis via Py-GC/MS, 

reporting recovery rates ranging from 84.6% to 96.6% for PS and 76.5% to 96.6% for 

PMMA.113 Lai et al. advanced this method by combining Triton X-45 extraction (which avoids 

enrichment of inorganic particles) with gold nanoparticle enrichment, obtaining PS NP 

recoveries of 72.9% to 92.8% and enabling quantification by numbers in environmental water 

samples.114 

For the detection of MP/NPs in environmental water samples, Yang et al. applied a silver 

nanowire membrane to trap PS NPs down to 50 nm with a recovery of 86.7%.77 These were 

identified using SERS in environmental water samples such as water from expanded PS 

containers and seafood markets. Moon et al. developed a technique involving shrinking surface 

bubble deposition, where heated silver nanoparticles generated microbubbles that concentrated 

NPs.66 With SEM and SERS, this method enabled the detection of nylon, PS, and PET NPs in 
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seawater. Xiao et al. took a different approach by combining simple paper filtration with flame 

ionization mass spectrometry to detect PET MP/NPs in commercial bottled water and juice 

products.115  

For MP/NPs detection and also quantification in environmental water samples, Li et al. used 

alkylated iron oxide beads to bind and aggregate NPs.72 After filtering the aggregates with glass 

fiber membranes, Py-GC/MS was used for quantification, yielding recovery rates of 71.9% to 

119.0% for PS NPs, depending on water type. Detected PS NP concentrations ranged from 

0.18 to 0.40 µg/L in seawater and from 0.24 to 0.73 µg/L in river water. Although PMMA was 

also targeted, it remained undetected in these samples. In a related method, Zhou et al. utilized 

bovine serum albumin (BSA) to coat the surface of NPs with a protein corona, followed by a 

salt-out and centrifugation process to concentrate the plastics.116 Subsequent Py-GC/MS 

analysis yielded recoveries between 78.8% and 98.9% for PS NPs, with concentrations of 1.92 

µg/L detected in river water and 2.82 µg/L in the influent of a wastewater treatment plant. 

PMMA was included in the analysis but was not detected. In another study, Shi et al. developed 

an advanced system using gold nanoparticle stacks combined with polylactic acid-based optical 

tweezers to capture and manipulate NPs.67 This system, integrated into a microfluidic platform 

and coupled with SERS, achieved recoveries of 89.3% to 94.3% for PS NPs and a detection 

limit as low as 150 ng/L. Importantly, it required just 7.2 mL of sample to detect PS NP 

concentrations of 6.5–8.5 µg/L in river water, 1.4–1.8 µg/L in mariculture farm water, and 0.7–

1.0 µg/L in beach water. 

Despite these promising techniques, only membrane-based methods have been demonstrated 

to be broadly applicable for monitoring MP/NPs in diverse environmental water samples. 

These include both cross-flow systems, capable of processing up to 50 liters, and dead-end 

filtration setups working with 1-liter samples.18, 19, 69, 73 Both approaches employed 

polyethersulfone (PES) membranes with a 0.01 µm pore size and were coupled with Py-

GC/MS for analyzing a broad range of plastic types, such as PP, PE, PS, PET, PMMA, PC, 

nylon 6, and nylon 66. These membrane-based techniques achieved recoveries greater than 

50%, demonstrating their suitability for comprehensive environmental monitoring. 

1.4 Material-binding peptide 

Material-binding peptides (MBPs) are short amino acid sequences with a distinctive ability to 

adhere to (specific) material surfaces. They are generally classified into two main types based 
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on their origin: (a) naturally occurring MBPs (nMBPs) and (b) engineered or synthetic MBPs 

(eMBPs), as illustrated in Figure 2.54  

 

Figure 2. Overview of material-binding peptides (MBPs) categorized into three main groups: natural MBPs (nMBPs), 

engineered MBPs (eMBPs), and those developed for emerging applications in fields such as plant health, biocatalysis, 

medicine, and microplastic analytics. Taken from the Royal Society of Chemistry.54 

Over millions of years, nature has evolved nMBPs to recognize and bind to specific classes of 

compounds, including carbohydrates (e.g., cellulose,117, 118 chitin,119, 120 and starch121), proteins 

(e.g., silk,122 collagen,123 and keratin124), and minerals (e.g., calcium carbonate,125, 126 

hydroxyapatite,127 and silica128). These binding domains, such as carbohydrate-binding 

modules (CBMs), typically share a common β-sandwich fold structure composed of two 

overlapping β-sheets with 6–12 antiparallel β-strands and range from 30 to 200 amino acids in 

length.129 CBMs bind to carbohydrates through three distinct modes. Type A CBMs interact 

with flat, crystalline surfaces such as cellulose and chitin using planar binding sites. Type B 

CBMs engage in groove-like internal binding modes, allowing them to accommodate longer 

sugar chains. Type C CBMs recognize short sugar residues at the ends of polysaccharides using 

pocket-like structures.130 For protein- and mineral-binding peptides, binding motifs are often 

short (3–12 amino acids) and may exist as unstructured sequences unless embedded within 

larger proteins.131 These natural MBPs play essential roles in biological processes such as 

biomineralization, host-pathogen interactions, cell adhesion, and the degradation of natural 

polymers. 
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Engineered MBPs are classified by their length and structural complexity. Class I eMBPs are 

short (≤20 amino acids), typically lack a defined secondary structure, and are often discovered 

through phage display or rational design. Class II eMBPs are longer (20–100 amino acids), 

structurally diverse, and tend to form stable 3D conformations upon material binding, similar 

to natural MBPs. These engineered peptides are tailored for binding to a variety of materials, 

including metals, polymers, metal oxides, and nanomaterials.54 

The specificity and strength of MBP binding are driven by the spatial arrangement of amino 

acid side chains that engage in non-covalent interactions,54 such as hydrogen bonding (e.g., 

Ser, Thr, Asn, and Glu), electrostatic interactions (e.g., Asp, Glu, Lys, Arg, and His), 

hydrophobic forces (e.g., Ala, Val, Leu, and Ile), and π–π stacking or aromatic interactions 

(e.g., Phe, Tyr, and Trp). Binding generally occurs through an initial contact interface involving 

a few amino acids, followed by broader interaction across a larger surface area involving 

multiple binding forces. Designing MBPs for specific material applications requires a 

comprehensive understanding of these molecular interactions and the influence of peptide 

structure and composition. Protein engineering allows the tuning of MBP properties to meet 

application-specific demands, such as altered binding strength, specificity, or environmental 

resilience. 

MBPs offer a simple and energy-efficient method to functionalize surfaces under mild, aqueous 

conditions within minutes.132 They exhibit strong adhesion to both natural (e.g., leaves,133-135 

graphite,136 and metals137, 138) and synthetic materials (e.g., PP,139 PS,140 PET,141 PLA,59, 60 

nylon 66,142 and stainless steel143, 144). These peptides can form dense monolayers with surface 

coverage above 80%, creating ultrathin coatings (3–15 nm) that are effectively invisible.142, 144 

Their compatibility with scalable processes such as dip-coating and spray-coating, along with 

low production costs (covering up to 654 m² per gram at under €0.01/m²), makes them highly 

suitable for large-scale use.143, 145 

One of the most extensively characterized peptides is the liquid chromatography peak I (LCI) 

peptide, which is composed of 47 amino acids and adopts a β-sheet structural motif.146 Another 

notable material-binding peptide is MBP1, which features two parallel α-helices and contains 

a high proportion of arginine residues, approximately one-third of its 33 amino acids.147 The 

presence of positively charged amino acids, particularly arginine and lysine, has been shown 

to significantly enhance binding affinity to various polymer surfaces, including PP,148 PET,142 

and polyamide.142 Due to this property, MBP-1 serves as a promising candidate for use as a 

universal binder for a wide range of plastic surfaces in the context of this thesis. 
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Despite their promising properties and versatility, MBPs are not yet widely adopted in 

industrial settings outside of diagnostic applications, where chemical immobilization 

techniques still dominate. However, their potential in sustainable bioeconomy frameworks 

continues to grow, with emerging solutions targeting diverse challenges across multiple fields, 

such as plant health, biocatalysis, medicine, and microplastic analysis. 

1.4.1 Bifunctional protein/peptide 

MBPs can be genetically fused to biomolecules, such as enzymes or antimicrobial peptides, or 

chemically linked to functional molecules via click chemistry, such as metal catalysts or anti-

fouling agents (Figure 3). These combinations result in either MBP-protein fusions or 

biohybrid systems that can be stably and directionally immobilized onto material surfaces. To 

ensure optimal function, both the binding and active domains are separated by spacer 

sequences. These spacers may be rigid linkers like Domain Z (DZ, consisting of three parallel 

α-helices) and 17x α-helices, flexible sequences such as GGGS, or chemical linkers of varying 

carbon chain lengths. The spatial separation between functional units is critical to prevent 

interference between domains, thereby preserving their individual binding, catalytic, or 

functional properties.54 

 

Figure 3. Exemplary construct of a bifunctional peptide. Material-binding peptide LCI is fused to another material-binding 

peptide MBP1, with DZ as a linker. 

Most MBP applications rely on bifunctional constructs. In biocatalysis, these bifunctional 

peptides support the efficient anchoring of enzymes60, 143, 149, 150 and metal catalysts151, 152 onto 

diverse surfaces, including polymers and stainless steel, offering possibilities for polymer 

recycling and the development of membrane reactor systems. In the medical field, MBPs are 

used to create biocompatible interfaces for devices like implants and prosthetics, supporting 

cell growth and recruitment, while also incorporating properties such as antimicrobial 
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activity153-155 and anti-fouling.156, 157 In agriculture, the use of MBPs is rapidly expanding, 

particularly for reducing pesticide usage and nutrient delivery.133-135, 145 MBPs also offer 

improved rain resistance compared to conventional pesticide formulations.135 Besides, the use 

of MBPs minimizes environmental accumulation since they are entirely bio-based and 

biodegradable. 

1.4.2 Protein engineering of material-binding peptide (eMBPs) 

Protein engineering is a powerful tool that enables the functional optimization of proteins, 

including enhancing binding strength or material specificity in eMBPs. eMBPs are typically 

categorized into two classes: class I peptides (<20 amino acids) and class II peptides (20–100 

amino acids). Notably, class II eMBPs often adopt a defined three-dimensional structure, in 

contrast to the typically unstructured class I peptides. Depending on the eMBP class, different 

engineering strategies can be employed to tailor their properties (Figure 4). 
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Figure 4. Overview of protein engineering methodologies towards material-binding peptides. It comprises 

phage display (class I), rational design, and directed evolution (class II), all of which have been utilized in 

engineering eMBPs. These approaches have yielded important outcomes and contributed experimental data and 

biophysical insights necessary for effectively navigating the vast protein sequence space. Taken from the Royal 

Society of Chemistry.54 

Phage display remains the primary technique for identifying short peptides, especially for 

diagnostic applications, and is the preferred method for engineering class I eMBPs. Phage 

display of peptides and antibodies, which earned the 2018 Nobel Prize in Chemistry, marked a 

significant breakthrough by enabling the directed evolution of short binding proteins. This 

technique relies on the expression and selection of peptides on the surface of phages, creating 

a physical link between phenotype and genotype.158 However, a key limitation of phage display 
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is that the length of the peptides is typically restricted to fewer than 16 amino acids. The phage 

display workflow involves creating large peptide libraries, cloning them into the phage 

genome, and selecting high-affinity binders through iterative rounds of biopanning. These 

libraries can reach a diversity of up to 10¹¹ unique sequences, which are typically fused to phage 

coat proteins to enable their surface display.159, 160 Thanks to this vast diversity, peptide or 

antibody variants with low nanomolar dissociation constants can be identified.161 Following 

library construction, the next phase is the iterative biopanning process. In this step, the phage 

library is incubated with the target material, after which multiple washing steps are performed 

to remove non-specific or weakly bound clones. The phages that remain bound are then eluted 

and amplified in Escherichia coli, serving as the template for the next round of selection. After 

several rounds, high-affinity candidates are isolated, sequenced, and further characterized to 

understand their binding mechanisms.162 In addition, protein engineering approaches such as 

rational design, directed evolution, or hybrid strategies can be employed to fine-tune the 

properties of class II eMBPs. 

Rational design strategies can be broadly categorized into sequence-based analyses and 

structure-based modeling approaches.163 The former are computationally less intensive and 

involve the alignment or analysis of protein sequences to identify structurally or functionally 

related proteins. One widely used method in this category is consensus design, which involves 

generating stable protein variants by combining the most frequently occurring amino acids at 

each position from a group of evolutionarily related proteins. In contrast, structure-based 

computational design requires greater computational resources and evaluates protein 

functionality based on three-dimensional structural features. This approach can identify 

functional structural motifs even among unrelated proteins, offering insights into protein 

activity and binding behavior. Quantum mechanics/molecular mechanics (QM/MM) methods 

are often employed to model protein–protein interactions or reaction mechanisms, particularly 

when high-resolution modeling at the smallest time and spatial scales is required.164 However, 

to date, these methods have not been applied to the engineering of material-binding peptides. 

Other computational tools, such as substrate docking and molecular dynamics (MD) 

simulations, allow for in-depth analysis of specific residues and their interactions, helping to 

elucidate how peptides interact with their binding partners or other molecular targets. For large-

scale systems and longer timescales, coarse-grained modeling is useful for examining broader 

behaviors and system dynamics. Overall, rational design of material-binding peptides and 
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proteins facilitates a deeper understanding of the biophysical properties that govern their 

binding mechanisms. 

Directed evolution has become a standard tool in industrial protein engineering, enabling the 

adaptation of natural proteins for a wide range of biotechnological applications. These include 

the sustainable enzymatic production of chemicals and pharmaceuticals, as well as the 

development of custom enzymes for industries such as food, feed, and laundry—an 

achievement recognized by the 2018 Nobel Prize in Chemistry.158, 165 This approach involves 

iterative cycles of diversity generation, typically through methods like error-prone polymerase 

chain reaction (epPCR), followed by screening of the resulting protein variants to identify 

improved candidates under specific selection pressures (e.g., enhanced activity, solvent 

resistance, or thermal stability). One of the main challenges in directed evolution is the efficient 

exploration of the vast protein sequence space. For example, a 50-residue peptide has a 

theoretical diversity of 20⁵⁰ possible sequences (approximately 1.63 × 10⁶⁵), making 

experimental screening highly resource-intensive. To address this, smart strategies such as 

KnowVolution have been developed.166 KnowVolution integrates computational predictions 

with experimental data to optimize mutational efforts and achieve targeted improvements with 

minimal workload. For eMBPs ranging from 30 to 120 amino acids, traditional mutation rates 

(3–5 mutations per 1000 bp) are insufficient. Instead, higher mutation frequencies (20–50 

mutations per 1000 bp) are required. This technical hurdle has been overcome through the 

development of specialized mutagenesis protocols, namely casting error-prone polymerase 

chain reaction (cepPCR)167 and PepEvo1168, by Prof. Schwaneberg's group. Ultimately, 

directed evolution yields improved variants of class II eMBPs, which exhibit stronger and more 

specific binding to target materials, contributing to a deeper understanding of the underlying 

molecular interactions. 

Moreover, the insights gained from engineering both classes (class I and II) of eMBPs can be 

leveraged using machine learning and artificial intelligence to accelerate and optimize peptide 

design.169 The final goal within the field of engineering material-binding peptides is the 

computational supremacy over protein sequence space, which would enable the design of 

MBPs in silico.  

1.5  Objective 

MP/NPs are ubiquitous contaminants in the environment, particularly in aquatic ecosystems. 

One of the main challenges in MP/NPs detection and quantification lies in the current analytical 
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gap in reliably quantifying particles smaller than 5 mm, which has been acknowledged by the 

EU Commission as a major limitation to establish effective regulations on MP/NP 

contamination.52, 53 Additionally, recent research has raised growing concern about the 

potential impact of MP/NPs on human health, highlighting the urgent need for investigation of 

their biological effects. 

The main objective of this thesis is to develop effective enrichment strategies using MBPs, 

validated through case studies with deionized water, wastewater, and environmental water, to 

address the challenge of quantifying low MP/NP concentrations. In addition, it aims to establish 

a robust detection and quantification protocol based on Py-GC/MS, enabling reliable analysis 

in environmental samples and extending its application to biological samples to explore 

potential human health impacts. Specifically, in Section 3.1, the secondary objective was to 

develop a custom-engineered bifunctional peptide, LCI-DZ-MBP1, to functionalize iron oxide 

nanoparticles for capturing NPs. This enrichment platform, termed MagNanoTrap, was 

validated across seven different 1 L environmental water samples, followed by Py-GC/MS 

analysis for plastic identification and quantification. Section 3.2 had the secondary objective 

of introducing a tailored system, Hooked for Decay, featuring a biohybrid catalyst 

(GH@LCI_F16C) immobilized on iron oxide nanoparticles. This system formed a 

hydrophobic polymer coating via ring-opening metathesis polymerization for efficient MP/NP 

capture and included an embedded Grubbs-Hoveyda catalyst for subsequent degradation of 

SBR NPs. In Section 3.3, the secondary objective was to assess the correlation between MNP 

accumulation and decreased kidney function. Here, we analyzed 139 human kidney tissue 

samples, stratified by estimated glomerular filtration rate (eGFR), using Py-GC/MS to quantify 

MP/NP content and assess correlations with kidney function. Additionally, to visualize the 

spatial distribution of MP/NPs within kidney tissues, we applied a fluorescently labeled 

material-binding peptide (“plastibody”) for imaging under confocal microscopy. In summary, 

this thesis introduces innovative peptide-enabled nanotechnologies that contribute significantly 

to the advancement of water remediation strategies. These systems also enhance analytical 

capabilities for the detection and quantification of MP/NPs in complex environmental samples. 

Moreover, the work offers critical insights into the biological accumulation of MP/NPs in 

human tissues, providing a foundation for future studies on their potential health impacts. 

Altogether, these contributions pave the way for the development of next-generation tools for 

both environmental and biomedical monitoring.  



33 

 

2 Materials and methods 

2.1 Chemicals 

Unless otherwise specified, all chemicals were obtained from commercial suppliers, including 

Sigma-Aldrich/Merck, TCI, BLDpharm, and others. Aqueous dispersions of Fe₃O₄ 

nanoparticles were purchased from Particular Materials SRL (Italy) and PlasmaChem GmbH 

(Germany). PMMA and PS nanoparticles with various charges and sizes were acquired from 

microParticles GmbH (Germany) and Polysciences Europe GmbH (Germany), respectively. 

The Microplastics Calibration Standard-Low Set was obtained from Frontier Lab (Japan). Al 

Grubbs–Hoveyda–type (GH) cofactors, including GH-C3, GH-C5, and GH-C10, monomer 

Nor-C18, and Nor-SH were synthesized following the procedure described in the 

corresponding manuscript in this thesis.  

2.2 Protein expression and purification 

2.2.1 Expression and purification of LCI-DZ, DZ-MBP1, and LCI-DZ-MBP1 

DNA sequences encoding protein LCI-strep-DZ, strep-DZ-MBP1, and LCI-strep-DZ-MBP1 

(see Appendix) were synthesized by GenScript Biotech (Netherlands) and cloned into the pET-

28a(+) expression vector. The synthesized plasmids were transformed into E. coli BL21(DE3) 

competent cells for intracellular protein expression.  

Following overnight incubation at 37 °C with shaking, the pre-culture was used to inoculate 

50 mL of Lysogeny Broth (LB) medium containing 50 µg/mL kanamycin. Cultures were 

grown at 37 °C and 200 rpm until the optical density at 600 nm (OD600) reached 0.4–0.6. 

Protein expression was then induced by adding 0.1 mM IPTG, followed by incubation at 18 °C 

and 200 rpm overnight. 

Cells were harvested by centrifugation at 4000 rpm for 20 min and resuspended in buffer A 

(50 mM Tris-HCl, pH 8.0, and 300 mM NaCl), then lysed via sonication (15s/15s, 5 min). The 

lysate was centrifuged at 12000 rpm for 10 min, and the resulting supernatant was loaded onto 

a Strep-Tactin®XT 4Flow® gravity column pre-equilibrated with buffer A after filtration with 

a 0.45 µm filter. After washing with 10 column volumes of buffer A, target proteins with strep 

tag were eluted using buffer B (50 mM Tris-HCl, pH 8.0, 300 mM NaCl, and 2.5 mM 

desthiobiotin). The eluted proteins were subsequently buffer-exchanged into buffer C (50 mM 

Bicine-NaOH, pH 9.0) using a PD-10 Desalting Column (Cytiva). All purification steps and 

buffer exchange procedures were performed at 4 °C. Protein concentrations were determined 
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by UV absorbance at 280 nm. The purified proteins were flash frozen in liquid nitrogen and 

stored at -80 °C for later use. 

2.2.2 Expression and purification of LCI_F16C 

DNA sequence encoding protein LCI_F16C (see Appendix) was synthesized by GenScript 

Biotech (Netherlands) and cloned into the pEKEx2 expression vector. The synthesized 

plasmids were transformed into Corynebacterium glutamicum ATCC 13032 competent cells 

for extracellular protein expression.  

Pre-cultures were grown overnight at 30 °C in 5 mL of Brain Heart Infusion-Supplemented 

(BHIS) medium, consisting of 37 g/L brain heart infusion powder, 91 g/L sorbitol, and 

50 μg/mL kanamycin, using 15 mL Falcon tubes. The main cultures containing 200 mL of 

BHIS medium supplemented with 25 µg/mL kanamycin were inoculated with the pre-cultures 

and grown at 30 °C until the OD600 reached 0.6-1.0. Protein expression was then induced by 

the addition of 0.1 mM IPTG, followed by incubation at 18 °C and 200 rpm for 48 h. 

Cells were removed by centrifugation at 5000 rpm for 30 min, and the supernatant containing 

the target proteins was loaded onto a Strep-Tactin®XT 4Flow® gravity column pre-

equilibrated with buffer A. After washing with 10 column volumes of buffer A, target proteins 

with strep tag were eluted using buffer B (50 mM Tris-HCl, pH 8.0, 300 mM NaCl, and 2.5 mM 

desthiobiotin). The eluted proteins were subsequently buffer-exchanged into buffer D (50 mM 

Tris-HCl, pH 8.0) using a PD-10 Desalting Column (Cytiva). All purification steps and buffer 

exchange procedures were performed at 4 °C. Protein concentrations were determined by UV 

absorbance at 280 nm. The purified proteins were flash frozen in liquid nitrogen and stored at 

-80 °C for later use. 

2.3 Conjugation of metal cofactor 

Grubbs-Hoveyda type cofactors (GH-C3, GH-C5, and GH-C10) were covalently conjugated 

to LCI_F16C via a maleimide linker targeting the reduced thiol group of the cysteine residue 

in the peptide. Specifically, to reduce the disulfide bond, LCI_F16C (200 µM) was incubated 

with 15 mM DTT for 60 minutes at room temperature. After reduction, DTT was removed by 

buffer exchange via a PD-10 Desalting Column (Cytiva). The conjugation reaction was carried 

out by incubating the reduced LCI_F16C with 5.0 equiv. of GH-cofactor (final concentrations: 

20 µM protein, 100 µM cofactor) in Tris-HCl buffer (20 mM, pH 7.5, 150 mM NaCl) 

containing 5% DMSO (v/v) for 60 minutes at room temperature. Following conjugation, the 

reaction buffer was exchanged to the binding buffer (50 mM Tris-HCl, pH 8.0). The resulting 
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biohybrid catalysts, such as GH-C3@LCI_F16C, GH-C5@LCI_F16C, and GH-

C10@LCI_F16C, were flash frozen in liquid nitrogen and stored at -80 °C for later use. 

2.4 Conjugation of Alexa Fluor 594 fluorescent dye 

Conjugation of Alexa dye 594 compounds to LCI_F16C was carried out through covalent 

bonding between the maleimide group of the dye and the reduced thiol group of the cysteine 

residue in LCI_F16C peptide. The thiol group was reduced by incubating 50 µM LCI_F16C 

with 5 mM DTT for 2 hours at room temperature. Following reduction, DTT was removed via 

buffer exchange with a PD-10 Desalting Column (Cytiva). The reduced protein was 

subsequently incubated with 5.0 equiv. of Alexa-maleimide 594 dyes in Tris-HCl buffer 

(50 mM, pH 8) for 60 minutes at room temperature. After the conjugation, the biohybrid Alexa 

594@LCI_F16C was stored at 4 °C in binding buffer (50 mM Tris-HCl, pH 8.0).  

2.5 Protein modeling 

Structure of the bifunctional peptide LCI-DZ-MBP1 was predicted by AlphaFold2170 and 

visualized by ChimeraX 1.4.171  

Structure modelling of the biohybrid catalysts with different linker lengths was based on the 

NMR solution structure of wild-type LCI (PDB: 2B9K).146 The F16C mutation, which 

introduces a cysteine residue for anchoring, was introduced in silico. The resulting LCI_F16C 

structure underwent energy minimization using YASARA Structure (version 20.12.24) with 

the AMBER14 force field.172 Following established protocols,173, 174 the modeling was 

performed using YASARA Structure (version 20.12.24), applying the AMBER14 force field 

for protein residues and GAFF175 with AM1/BCC176 partial charges for the covalently bound 

catalyst. To preserve correct coordination geometry, distances and angles between the metal 

center and coordinating atoms were constrained based on a previously reported crystal 

structure.177 Additional atoms required for the linker were manually added. The metal center 

was assigned a +2 charge, and the overall charge of the catalyst was set to neutral. The linker 

was manually positioned near Cys16, and a covalent bond was defined between the sulfur atom 

of the cysteine and the C1 atom of the maleimide group. The resulting biohybrid catalyst 

models were solvated in a TIP3P water box under periodic boundary conditions at pH 7 and a 

density of 0.997 g/mL. Three initial conformations were evaluated, and favorable models for 

covalent attachment to the reactive maleimide were identified using steepest descent 

minimization and simulated annealing. These pre-minimized structures were further refined 
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through molecular dynamics simulations at 298 K for 5000 ps, with snapshots taken every 25 ps 

to analyze binding modes. 

2.6 Preparation of PP, PE, PET, and SBR NPs 

PP, PE, and SBR nanoparticles were synthesized based on the method reported by Faeze et 

al.,178 with modifications. In brief, 10 mg of PP granules, LD-PE powder, or SBR granules 

were dissolved in 5 mL of xylene at 110 °C on a heating plate for 10 minutes until fully 

dissolved. While stirring vigorously, 20 mL of ice-cold deionized water was rapidly added to 

emulsify the solution, followed immediately by water bath sonication for 30 minutes. After 

emulsification, larger particles were removed using Whatman Grade 1 qualitative filter paper. 

The filtration step was repeated once more following gentle magnetic stirring for 2 hours at 

room temperature, yielding a stable dispersion of nanoparticles in water. 

PET nanoparticles were prepared following a previously reported protocol.179 In summary, 

10 mg of PET powder was dissolved in 2 mL of 1,1,1,3,3,3-hexafluoro-2-propanol at room 

temperature for 1 hour. The resulting PET solution was then added dropwise into 20 mL of 

deionized water under vigorous magnetic stirring. To remove the organic solvent, the 

suspension was gently stirred at room temperature for an additional 2 hours. The precipitated 

nanoparticles were subsequently collected by filtration using filter paper. 

2.7 Preparation of functionalized iron oxide beads 

2.7.1 LCI-DZ-MBP1 coated iron oxide beads 

The functionalization of the beads was carried out by incubating Fe₃O₄ nanoparticles (0.3 g/L) 

from Particular Materials with an excess of the bifunctional peptide LCI-DZ-MBP1 (5 µM) in 

Bicine/NaOH buffer (50 mM, pH 9) in a total volume of 200 µL. The mixture was shaken at 

1200 rpm for 1 minute in screw-neck glass vials (ND 8, TH. GEYER GmbH & Co. KG, 

Germany). Following the reaction, magnetic separation was used to wash the beads with water, 

and the functionalized nanoparticles were subsequently resuspended in water for further 

applications. 

2.7.2 Film-coated iron oxide beads 

The immobilization of the biohybrid catalyst was performed by incubating Fe₃O₄ nanoparticles 

(75 µg/mL) from PlasmaChem with an excess of catalyst GH@LCI_F16C (5 µM) in Tris-HCl 

buffer (50 mM, pH 8) in a total volume of 200 µL. The mixture was shaken for 1 minute, 

followed by two washing steps with water to remove unbound catalyst under a magnetic field. 
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The peptide-functionalized Fe₃O₄ nanoparticles were then resuspended in water, and the 

modified monomer (20–500 µM, prepared as a 10 mM stock in methanol) was added. The 

reaction mixture was shaken for 1 to 9 minutes to allow formation of a hydrophobic film. 

Subsequently, the film-coated Fe₃O₄ nanoparticles were washed twice with water to remove 

excess monomer and resuspended in water for further use.  

2.7.3 Fluorescence-labeled film-coated iron oxide beads 

 

Figure 5. ROMP of Nor-SH with the following labeling by ThioGlo-1. 

The polymer film was formed using Nor-SH as the monomer, following the procedure 

described above. Upon completion of the polymerization, ThioGlo-1 was added to label the 

free thiol groups presented on each monomer, enabling subsequent fluorescence 

characterization (Figure 5). 

2.8 Characterization 

A range of analytical techniques was employed to characterize the materials and assess 

experimental outcomes. A fluorescence microscope (BX51, Olympus) was used to visualize 

peptide binding on material surfaces and confirm polymer film formation. FACS (MoFlo 

Astrios EQ, Beckman Coulter) was applied to evaluate the functionalization efficiency of 

MagNanoTrap beads. Dynamic light scattering (DLS) and zeta potential measurements were 

performed using a Zetasizer (Malvern Panalytical) to determine the nanoparticle size 

distribution and surface charge, respectively. Thermogravimetric analysis (TGA, STA6000, 

PerkinElmer) was used to monitor sample mass loss during heating from 100 °C to 800 °C. 

Surface chemical composition was analyzed using X-ray photoelectron spectroscopy (XPS, 

AXIS Supra+, Kratos Analytical) and Fourier-transform infrared spectroscopy (FTIR, Nicolet 

iS20, Thermo Scientific). Electrospray ionization time-of-flight mass spectrometry (ESI-TOF 

MS, Agilent) confirmed successful functionalization of magnetic beads with bifunctional 

peptides. Magnetic properties before and after functionalization were examined using a 

superconducting quantum interference device (SQUID) magnetometer (MPMS-XL, Quantum 
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Design). Sample morphology was investigated via SEM (SU9000, Hitachi), while internal 

structural features were visualized using TEM (SU9000, Hitachi). Nuclear magnetic resonance 

(NMR) spectroscopy was conducted on Bruker Avance II or Avance III spectrometers at 400 

MHz for 1H and 101 MHz for 13C nuclei to characterize the formation of the polymer film. 

Chemical shifts were referenced to residual proton signals of the deuterated solvents and 

reported relative to tetramethylsilane. Standard multiplicity abbreviations were used: s 

(singlet), d (doublet), t (triplet), q (quartet), quint (quintet), and m (multiplet). Circular 

dichroism (CD) spectra were recorded on a JASCO J-1100 spectrometer with a Peltier-

controlled cell holder to analyze secondary structure changes of the biohybrid 

GH@LCI_F16C. Unless otherwise specified, measurements were conducted at 19 °C with a 

0.2 mm path length cuvette and a protein concentration of 20 µM. Inductively coupled plasma 

optical emission spectrometry (ICP-OES) was performed using a Spectroblue ICP-OES 

instrument (Spectro Analytical Instruments) to confirm the conjugation of GH-cofactors to 

peptide LCI_F16C. Calibration was carried out using a commercially available ruthenium 

standard (1.0 g/L, Sigma-Aldrich), with calibration samples prepared at concentrations of 0 

ppm, 2 ppm, and 5 ppm Ru.  

2.9 200 µL-scale enrichment 

Enrichment experiments were performed on a 200 µL scale using glass vials and evaluated by 

UV absorbance measurements (CLARIOstar, BMG Labtech). In each experiment, the 

functionalized iron oxide beads were mixed with 0.2 g/L of PS nanoparticles and 100–200 mM 

NaCl in aqueous solution, with a final volume of 200 µL. The mixture was shaken at 1200 rpm 

for 20 minutes, followed by magnetic separation. Subsequently, 100 µL of the supernatant was 

transferred to a transparent 96-well plate for UV-vis absorbance analysis. 

Nanoparticle concentration in the supernatant was determined using a calibration curve 

generated from standard UV-vis measurements. The nanoparticle recovery rate (R₁) was 

calculated using Equation (1): 

                                                      𝑅1 = (1 −
𝐶𝑡

𝐶0
) ∗ 100%                                                      (1) 

where Cₜ is the concentration of PS NPs in the supernatant after magnetic separation, and C₀ is 

the initial PS NPs concentration. 

The adsorption uptake q (g/g) was calculated using Equation (2): 

                                                                 𝑞 =
𝐶0−𝐶𝑡

𝐶𝑚
                                                                              (2) 
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where Cₘ represents the concentration of functionalized iron oxide beads. All experiments were 

performed in triplicate to ensure reproducibility. 

2.10 Adsorption kinetics models 

The adsorption kinetics in this study were evaluated using two commonly applied models: the 

Pseudo-first-order model (3) and the Pseudo-second-order model (4).180 

                                                   𝑞𝑡 = 𝑞𝑒(1 − 𝑒−𝑘1𝑡)                                                        (3) 

                                                        𝑞𝑡 =
𝑘2𝑞𝑒

2𝑡

1+𝑘2𝑞𝑒𝑡
                                                               (4) 

In these equations, qₜ represents the amounts of NPs adsorbed per unit mass of functionalized 

iron oxide beads at a given time t, while qₑ denotes the adsorption capacity at equilibrium. The 

constants k₁ and k₂ are the adsorption rate constants for the Pseudo-first-order and Pseudo-

second-order models, respectively. 

2.11 Adsorption isotherm models 

The adsorption isotherms in this study were evaluated using two widely accepted models: the 

Freundlich model (5) and the Langmuir model (6).181 

                                                              𝑞𝑒 = 𝐾𝐹𝐶𝑒

1
𝑛⁄

                                                        (5) 

                                                        𝑞𝑒 =
𝑞𝑚𝐾𝐿𝐶𝑒

1+𝐾𝐿𝐶𝑒
                                                               (6) 

In these equations, Cₑ (g/L) represents the equilibrium concentration of the adsorbate (PS NPs), 

while qₑ and qₘ denote the adsorption capacities at equilibrium and at maximum adsorption, 

respectively. KF and KL (L/g) are the isotherm constants for the Freundlich and Langmuir 

models, respectively. 

2.12 Environmental water samples collection 

Water samples were collected from various natural and anthropogenic sources. Lake water 

from a natural reservoir was sampled at Eifel National Park (Monschau, Germany), while lake 

water influenced by human activities was obtained from Hangeweiher (Aachen, Germany). 

River water samples were taken from the Rhine River (Düsseldorf, Germany). Seawater, 

collected at a depth of 50 meters off the coast of Portugal, was purchased from Mrutzek 

Meeres-Aquaristik GmbH (Germany). Wastewater samples were sourced from the effluent of 

the SIDEN wastewater treatment plant in Heiderscheidergrund (Luxembourg). Additional 

treated wastewater samples, obtained after sand filtration and crossflow ultrafiltration (Boll & 
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Kirch system), were provided by APATEQ (Luxembourg). All samples were stored in glass 

bottles with PP caps at 4 °C, except for the seawater, which was stored in a PE container. 

2.13 1 L-scale enrichment 

Deionized water spiked with NPs was used for method optimization, while environmental 

water samples required a pretreatment step before extraction. Specifically, each 1 L water 

sample was vacuum filtered through 1 µm glass fiber filters (47 mm) using a stainless-steel 

filtration unit to remove microorganisms, algae, suspended solids, organic debris, and MPs. 

The resulting filtrate was collected in a 5 L glass flask and subjected to oxidative digestion by 

adding 100 mL of 30% H₂O₂ and incubating at 60 °C for 48 hours in an orbital incubator shaker 

(Minitron, INFORS, Switzerland) to eliminate organic matter on the NPs surface.19, 69 

One liter of either the digested samples cooled to room temperature or the NPs-spiked 

deionized water was mixed with 16 mg of MagNanoTrap beads and 1 M NaCl, and shaken at 

200 rpm for 2 hours to promote adsorption. Afterward, it was transferred to a 500 mL glass 

beaker, where magnetic extraction was used to isolate the MagNanoTrap-NPs complex. These 

complexes were then resuspended in 5 mL of deionized water and transferred to a 1.5 mL glass 

vial for a second magnetic extraction step to further concentrate the sample. 

The isolated MagNanoTrap-NPs complex was treated with 37% HCl at 65 °C for 30 minutes, 

followed by filtration through a 10 kDa centrifugal filter (PES, VWR, UK) to remove the acid. 

The aggregation was resuspended in methanol and transferred to a Py-GCMS sampling cup for 

further analysis. The recovery rate (R₂) of the spiked assay was calculated using Equation (7): 

                                                            𝑅2 =
𝑚2−𝑚1

𝑚0
∗ 100%                                                                 (7) 

where m₀ is the amount of NPs spiked, m₁ is the amount of NPs detected before spiking, and 

m₂ is the amount of NPs detected after spiking. 

2.14 Human kidney samples collection and treatments 

A total of 139 human kidney samples from three groups were obtained through collaboration 

with Uniklinik Aachen. The samples were stored at –80 °C without undergoing any embedding 

procedures. Before analyzing MP/NPs in the kidney tissue via Py-GC/MS, the samples were 

digested using a modified protocol based on previously published methods.32, 182-184 In brief, 

68% nitric acid was added to the kidney samples at a ratio of 1.0 mg tissue to 50 mL of acid 

solution. This mixture was placed in GC sampling glass bottles sealed with PTFE caps and 
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incubated on a benchtop orbital shaker at 120 rpm for three days at room temperature to ensure 

complete digestion of the tissue.  

After digestion, the solution was transferred directly into Py-GC/MS sampling cups and placed 

on a heating block at 65 °C. The glass bottles were then rinsed with 200 µL of deionized water, 

and the rinse was added to the sampling cups for drying. To further recover any remaining 

MP/NPs, the bottles were also rinsed with 200 µL of methanol. Once the sampling cups had 

cooled, the methanol was transferred to the cups and evaporated at 50 °C. The samples were 

then ready for Py-GC/MS analysis. 

2.15 Py-GC/MS method and plastics analysis 

Py-GC/MS measurements were performed by a Multi-Shot Micro-furnace Pyrolyzer EGA/PY-

3030D equipped with an Auto-Shot Sampler (AS-1020E) from Frontier Laboratories 

(Fukushima, Japan), coupled to an Agilent 8890 gas chromatography (Santa Clara, CA) linked 

with an Agilent 7000D mass-spectrometer detector. Py-GC/MS running parameters were 

modified based on protocols established in previous studies.18, 19, 69, 73 Briefly, samples were 

analyzed using single-shot pyrolysis with a split ratio of 30:1. The pyrolysis temperature was 

set at 590 °C for 0.3 min, and the interface temperature was set at 300 °C. The system is applied 

with a 30 m × 0.25 mm I.D., 0.25 µm film Ultra Alloy 5 capillary column (Frontier 

Laboratories), with helium as the carrier gas (1.0 mL/min, constant velocity). Additional 

conditions included: oven ramp from 40 °C (2 min hold) to 320 °C at 20 °C/min (14 min hold); 

injection port at 300 °C; ion source at 230 °C; 70 eV ionization voltage; and a full scan mass 

range of m/z 10–550 (Table 1). 

Table 1. Conditions for single-shot Py-GC/MS measurements. 
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For plastics analysis, specific indicator compounds and ions are required to enable the 

identification and quantification of individual nanoplastic polymer types in environmental 

samples using Py-GC/MS. The characteristic pyrolysis products of each target nanoplastic 

were determined by analyzing their corresponding analytical standards or reference materials 

through Py-GC/MS. The resulting pyrograms were compared against existing literature and an 

in-house customized database.18, 19, 69, 73 Since the MagNanoTrap system involved peptides that 

can cause a strong background for PVC analysis, PVC was out of consideration for the 

detection and quantification in environmental water samples. Specific indicator ions for the 

target NPs were then selected based on established criteria and the peptide background, 

especially for the analysis with MagNanoTrap-enriched samples. 

External calibration curves were established by analyzing varying amounts (0.5 mg, 1 mg, 1.5 

mg, 2 mg, and 2.5 mg) of the standard mixture (MPs-SiO2-low set provided by Frontier 

Laboratories). Polymer identification within samples was confirmed by matching specific ions 

of each target plastic type. The Py-GC/MS method was validated by assessing linearity (R²), 

limit of detection (LOD), and limit of quantification (LOQ), where LOD and LOQ were 

defined as signal-to-noise ratios of 3 and 10, respectively. Further details regarding the selected 

indicator ions, calibration curves, and corresponding LODs and LOQs are discussed in the 

Results and Discussion section (Tables 5 and 10). 

2.16 MPs fluorescence detection in human kidney samples 

The kidney samples were sectioned to a thickness of approximately 20 µm and mounted onto 

glass slides. To stain cell nuclei, a diluted working solution of the fluorescent dye DAPI was 

applied to the fixed tissue sections. The samples were incubated in the DAPI solution for 10 

minutes, then rinsed with phosphate buffer (50 mM, pH 7). Next, the "plastibody" solution, 

comprising the material-binding peptide LCI_F16C conjugated with Alexa 647, was added to 

the samples to label MP/NPs.58 The tissue sections were incubated in the plastibody solution 

for another 10 minutes, followed by a wash with Tris buffer (50 mM, pH 8). After this 

preparation, the samples were ready for fluorescence imaging using a confocal microscope. 

2.17 SBR NPs degradation through ethenolysis after enrichment 

Before the ethenolysis process, an upscaled enrichment of SBR NPs was conducted. 

Specifically, the prepared SBR NPs (15.1 mg) were mixed with film-coated Fe₃O₄ 

nanoparticles (4 or 8 mg) in 10 mL of 500 mM sodium chloride solution. The mixture was 

shaken for 10 minutes to allow saturated adsorption, after which the resulting microaggregates 
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were separated using an external magnetic field. These aggregates were then transferred into a 

mixture of THF and p-xylene (1:1, 4 mL) and sealed in a finger-autoclave. Ethylene gas was 

introduced at 25 bar under continuous stirring until pressure equilibrium was reached. The 

reaction mixture was stirred at 80 °C for 12 hours. Following the reaction, the Fe₃O₄ particles 

were removed, and the resulting solution was analyzed using ¹H NMR spectroscopy. 

2.18 QC/QA 

Strict quality assurance and control measures were implemented throughout all stages of 

nanoparticle sample collection, pretreatment, extraction, and analysis, with particular attention 

given to minimizing environmental contamination.185, 186 While wastewater extraction and 

pretreatment were conducted in a standard laboratory setting, critical steps such as sample 

loading and drying were performed inside a fume hood. Laboratory personnel wore cotton lab 

coats and polymer-free nitrile gloves, which were thoroughly washed prior to use. To prevent 

airborne contamination, samples were covered with aluminum foil pre-cleaned using 

dichloromethane when not being actively processed. All stainless-steel membranes, glass 

bottles, separation funnels, and vacuum filtration devices were rinsed three times with ultrapure 

water before use. Although certain plastic items, such as ultrafiltration membranes, centrifuge 

tubes, and pipette tips, were necessary, they were also rinsed thoroughly three times with 

ultrapure water. For Py-GC/MS analysis, only new, single-use pyrolysis cups were employed 

to eliminate the risk of cross-contamination. 
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3 Results and discussions 

3.1 MagNanoTrap for NPs enrichment, detection, and quantification 

In a circular polymer economy, the environmental presence of NPs is expected to rise sharply, 

as increasing volumes of synthetic polymers are directed toward biodegradation or recycling.6 

These processes inevitably release vast quantities of NPs.7, 8 Hydrophobic NPs, in particular, 

are known to act as carriers for toxic hydrophobic substances, such as polycyclic aromatic 

hydrocarbons (PAHs), plastic additives, and pharmaceuticals, posing significant risks to both 

ecological systems and human health.27 

Given their typically low concentrations in environmental water bodies, there is an urgent need 

for effective enrichment methods capable of capturing a broad spectrum of NP types, especially 

in complex water matrices. Until now, membrane-based techniques have been the only broadly 

applicable approach reported for MP/NP monitoring in environmental water samples.18, 19, 69, 73 

These systems include cross-flow setups18, 73 requiring 50 liters of water and dead-end filtration 

systems19, 69 processing 1-liter samples. Both formats utilize PES membranes with a 0.01 µm 

cutoff and rely on Py-GC/MS for analysis of mixed plastic types such as PP, PE, PS, PET, 

PMMA, PC, Nylon 6, and Nylon 66, achieving recoveries greater than 50%. 

Although these membrane-based approaches can efficiently concentrate NPs above the cutoff 

threshold, particles smaller than the membrane pores can pass through undetected. This is 

concerning because such ultra-small NPs, particularly those under 20 nm, can cross biological 

barriers like the blood-brain barrier and may lead to severe neurological effects.37, 38 

To address this limitation, we developed and validated a new enrichment platform called 

MagNanoTrap, which utilizes a bifunctional peptide (LCI-DZ-MBP1) immobilized on 

superparamagnetic iron oxide nanoparticles. This platform effectively captures NPs across 

seven different types of environmental water samples and, when paired with Py-GC/MS, 

enables detection and quantification of eight common NP types (Figure 6). 
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Figure 6. Overview of MagNanoTrap monitoring platform for NPs enrichment and quantification in 

environmental water samples. a, Origins of the environmental water samples analyzed in this study. b, Overview 

of the MagNanoTrap enrichment platform used to detect and quantify nanoplastic contamination in water samples 

via Py-GC/MS. Step 1 involves functionalizing SPIONs with the bifunctional peptide LCI-DZ-MBP1; step 2 

captures NPs (PP, PE, PS, and PET) using the MagNanoTrap beads; and step 3 determines the composition and 

concentration of NPs through Py-GC/MS analysis. c, Illustration of the salt effect that enhances nanoplastic 

capture by MagNanoTrap beads. 

To develop and validate the MagNanoTrap monitoring platform for NPs, the following steps 

were undertaken to characterize and assess its performance: (A) Functionalization of iron oxide 

beads, including identification of MBPs that bind to SPIONs as well as PP, PE, PS, and PET 

plastic surfaces; (B) Enrichment of PS NPs to evaluate key parameters such as iron oxide 

concentration, peptide concentration, and peptide functionalization duration; (C) Investigation 

of the effects of NaCl concentration and various cations on enrichment efficiency; (D) 

Assessment of recovery rates using the MagNanoTrap platform for 1 L water samples spiked 

with PP, PE, PS, and PET NPs, followed by Py-GC/MS analysis; and (E) Validation of the 

MagNanoTrap platform for quantifying NPs in environmental water samples via Py-GC/MS. 

3.1.1 Custom design of bifunctional peptide LCI-DZ-MBP1 
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As illustrated in Figure 7, a biofunctionalized iron oxide bead was constructed using the 

bifunctional peptide LCI-strep-DZ-MBP1. In this design, the LCI peptide binds to the iron 

oxide surface, followed by a strep tag for purification and a linker DZ composed of three 

parallel α-helices. The MBP1 peptide is presented at the outermost layer, allowing it to bind 

effectively to a variety of plastic surfaces. 

 

Figure 7. Scheme showing the bifunctional peptide LCI-DZ-MBP1 decorated iron oxide bead. Peptide LCI 

binds to SPION surface, and peptide MBP1 acts as a universal plastic-binder. 

The bifunctional peptide LCI-strep-DZ-MBP1 has a height of 8.5 nm, as determined using 

PyMOL, enabling the formation of a thin bio-coating layer on the surface of the iron oxide 

beads (Figure 8).  

 

Figure 8. Predicted size of LCI-strep-DZ-MBP1 bifunctional peptide by PyMOL. It demonstrates the nanolayer coating 

on the SPION surface. 

The bifunctional peptide LCI-strep-DZ-MBP1, along with its individual components (LCI-

strep-DZ and strep-DZ-MBP1), was expressed in E. coli BL21 (DE3) using the pET-28a(+) 

vector. Following sonication and centrifugation, both the supernatant and pellet fractions were 

analyzed by SDS-PAGE to assess protein expression. The purified proteins were also loaded 

for evaluation of purity (Figure 9). The calculated molecular weights, 13 kDa for LCI-strep-

DZ, 12 kDa for strep-DZ-MBP1, and 17 kDa for LCI-strep-DZ-MBP1, were consistent with 

the SDS-PAGE results. 
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Figure 9. SDS-PAGE of peptide LCI-strep-DZ, strep-DZ-MBP1, and LCI-strep-DZ-MBP1. From left to 

right, the lanes represent the insoluble, soluble, and purified fractions of each respective construct. 

The binding affinity of each fusion protein to the iron oxide surface was evaluated using a 

fluorescently labeled streptavidin dye, which specifically interacts with the strep-tag present in 

the constructs LCI-strep-DZ, strep-DZ-MBP1, and LCI-strep-DZ-MBP1 (Figure 10). In detail, 

following peptide decoration of the beads, 0.5 µL of Strep-Tactin®XT DY-649 was added to 

the bead suspension in Tris-HCl buffer (50 mM, pH 8) and shaken at 1200 rpm for 2 minutes. 

The beads were then washed twice with Tris buffer using magnetic separation. As a negative 

control, Alexa dye was mixed with unmodified iron oxide beads to confirm that the dye alone 

does not bind non-specifically. The results showed that the LCI domain in the LCI-strep-DZ 

fusion protein successfully binds to the iron oxide surface, whereas the MBP1 domain in strep-

DZ-MBP1 did not produce a detectable fluorescence signal. The binding of the custom-

designed bifunctional peptide LCI-strep-DZ-MBP1 to iron oxide was also confirmed through 

this fluorescence-based assay. 

 

Figure 10. Microscope images demonstrating the decoration of iron oxide beads with single peptides (LCI-

strep-DZ and strep-DZ-MBP1) and the bifunctional peptide LCI-strep-DZ-MBP1. Images under a bright 

field are shown on top, and images under a fluorescent field are shown at the bottom. It shows that only LCI is 
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the binder for SPIONs, indicating a good peptide design to avoid agglomeration during the functionalization 

process. 

Further binding studies demonstrated that peptide MBP1, on the other side of the bifunctional 

peptide LCI-strep-DZ-MBP1, exhibits strong affinity toward a broad spectrum of synthetic 

polymers, including PP, PE, PS, and PET (Figure 11). To visualize the interaction, the strep-

DZ-MBP1 peptide binding on the plastic surface was specifically labelled using the fluorescent 

dye Strep-Tactin®XT DY-649. Fluorescence analysis, using the dye alone as a negative control 

to rule out nonspecific staining of plastic surfaces, confirmed that the MBP1 peptide 

successfully bound to the surfaces of PP, PS, PE, and PET.  

 

Figure 11. Binding of peptide MBP1 to plastic surfaces. Fluorescence analysis was performed to assess the 

binding of the MBP1 domain from strep-DZ-MBP1 to the surfaces of PP, PE, PS, and PET. It shows that MBP1 

is the universal plastic-binder. 

These binding results, confirmed by fluorescence, demonstrate that the combination of LCI 

and MBP1 forms an effective bifunctional peptide design for the development of the 

MagNanoTrap platform. 

3.1.2 Preparation of PP, PE, and PET NPs 

All NPs, including commercially available PS NPs with both positive and negative charges in 

sizes of 100 nm, 500 nm, and 1000 nm, as well as self-synthesized PP and PE NPs (via 

emulsification) and PET NPs (via nanoprecipitation), were characterized using DLS for size 

distribution, zeta potential measurements for surface charge, and SEM for morphological 
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analysis (Figure 12). The self-synthesized NPs in particular exhibited negative surface charges, 

sizes below 1 µm, and spherical morphology.   

 

Figure 12. Commercial and self-made NPs characterization. DLS (left), Zeta potential (middle), and SEM (right) of 

commercial PS NPs and self-made PP, PE, and PET NPs. All of the NPs are negatively charged and in nano-size. 

3.1.3 Investigation of successful peptide decoration by material characterization 

Decoration of iron oxide beads with the bifunctional peptide was accomplished by simply 

suspending the beads in a peptide solution at room temperature, followed by a brief 1-minute 

incubation and a subsequent water wash. As described before, the LCI-strep-DZ-MBP1 peptide 

bound to the iron oxide surface was further labelled with the fluorescent dye Strep-Tactin®XT 
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DY-649. From FACS analysis, a clear fluorescence signal shift was detected in the peptide-

coated MagNanoTrap beads, indicating successful functionalization of the iron oxide beads 

with more than 98% efficiency after a simple and fast shaking process (Figure 13). 

 

Figure 13. FACS analysis of MagNanoTrap and bare iron oxide. Bare iron oxide beads are shown in blue, and 

MagNanoTrap beads are shown in red. The obvious shift demonstrates effective functionalization of the beads. 

Morphology and size distribution of iron oxide beads before and after functionalization were 

assessed using SEM and DLS (Figure 14). DLS analysis confirmed that MagNanoTrap beads 

remained well-dispersed without aggregation and exhibited an increased hydrodynamic radius 

from 550 nm to 680 nm, as anticipated. SEM images revealed that the iron oxide nanoparticles 

formed homogeneous aggregates before peptide decoration, and the peptide nano-layer didn’t 

induce further aggregation. 

 

Figure 14. DLS and SEM images of iron oxide beads before and after functionalization. The size distribution of bare iron 

oxide is shown in blue, and that of the MagNanoTrap beads is shown in orange. The top left and right panels are the SEM 

images of iron oxide before and after functionalization. The nanocoating doesn’t influence the amorphology and doesn’t form 

aggregates.  
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TGA was performed by gradually increasing the temperature from 100 °C to 800 °C. The 

observed mass loss reflects the presence of an organic coating on the iron oxide surface. A 

significant mass reduction in MagNanoTrap beads (13.7%) compared to bare iron oxide (2.7%) 

confirmed successful peptide decoration (Figure 15). Additionally, the derivative TGA curve 

revealed an extra peak at 360 °C in the MagNanoTrap sample, further indicating the presence 

of the peptide coating. 

 

Figure 15. TGA measurements of iron oxide before and after functionalization. The mass loss of bare iron oxide is shown 

in blue, and that of MagNanoTrap beads is shown in orange. The derivatives of mass loss curves are presented at the bottom. 

The mass loss and one more peak showing in the derivative curve indicate the successful peptide decoration. 

ESI-MS analysis was carried out to further verify the peptide decoration of the iron oxide beads 

(Figure 16). A distinct signal corresponding to the LCI-DZ-MBP1 peptide was detected in the 

MagNanoTrap beads. The observed molecular weight closely matched the expected size of 

17.49 kDa, as previously determined by SDS-PAGE, confirming the successful peptide 

functionalization of the iron oxide surface. 
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Figure 16. ESI-MS analysis of iron oxide before and after functionalization. The ionic fragments from bare iron oxide 

are shown in blue, and those from MagNanoTrap are shown in orange. The calculated molecular weight from the ESI-MS 

matches the SDS-PAGE results, demonstrating the successful peptide coating. 

XPS analysis further validated the successful attachment of LCI-strep-DZ-MBP1 to the iron 

oxide surface through surface chemistry characterization (Figure 17). Specifically, in the O 1s 

spectra, both bare and decorated iron oxide showed peaks at 529.7 eV and 531.2 eV, 

corresponding to O2- and OH- groups from Fe3O4. Notably, the MagNanoTrap spectrum 

revealed an additional peak at 532.3 eV, characteristic of the peptide bond (-CONH-), 

indicating the presence of the peptide on the iron oxide surface.    

 

Figure 17. XPS spectra (O 1s) of iron oxide before and after functionalization. The spectra of bare iron oxide are shown 

on top, and those of MagNanoTrap are shown at the bottom. The signal of -CONH- bond indicates the successful peptide 

coating. 
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FTIR analysis provided further insight into the surface chemistry of the iron oxide (Figure 18). 

The bare iron oxide displayed some peaks that might be introduced on the iron oxide surface 

during the chemical synthesis process. Upon peptide functionalization, a significant increase 

in the peak associated with the N–H stretch of the Amide I bond was observed, confirming the 

successful attachment of the peptide to the iron oxide surface.   

 

Figure 18. FTIR analysis of iron oxide before and after functionalization. The spectrum for bare iron oxide is shown in 

blue, and that for MagNanoTrap is shown in orange. The -NH bond signal indicates the peptide coating. 

The magnetization curve obtained using a VSM demonstrated that the thin peptide nanolayer 

had a negligible impact on the magnetic moment and superparamagnetic properties of the iron 

oxide nanoparticles (Figure 19). This preserved magnetic behavior enabled rapid recovery of 

the NPs upon application of an external magnetic field. 

 

Figure 19. Magnetization curve of iron oxide before and after functionalization. The bare iron oxide is shown in blue, and 

the decorated iron oxide is shown in orange. The peptide nanocoating doesn’t influence the superparamagnetic properties of 

SPIONs. 

The above characterization confirms the successful functionalization of iron oxide beads with 

the bifunctional peptide LCI-DZ-MBP1, leading to the formation of MagNanoTrap beads, 

which will be employed in the following steps for NPs enrichment from water samples. 
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3.1.4 Evaluation of NPs enrichment performance by MagNanoTrap system in a 200 µL-

scale reaction 

Enrichment experiments using PS, PP, PE, and PET nanoparticles were conducted on a 200 µL 

scale to evaluate the efficiency and broad applicability of the MagNanoTrap enrichment 

system. Figure 20 outlines the four-step workflow established to assess the enrichment 

performance of the scalable MagNanoTrap technology, utilizing absorbance measurements to 

quantify enrichment efficiency. In step 1, iron oxide beads were functionalized with LCI-DZ-

MBP1 in 50 mM Bicine buffer at pH 9; in step 2, the functionalized MagNanoTrap beads were 

rinsed with water and then incubated with NPs in the presence of 150 mM NaCl; in step 3, the 

MagNanoTrap-NP complexes were separated using a magnet; and in step 4, the remaining 

supernatant containing unbound NPs was collected for absorbance analysis. 

 

Figure 20. Scheme of the four-step workflow developed for assessing the enrichment performance of MagNanoTrap 

technology on a 200 µL scale. In step 1, SPIONs were decorated with LCI-DZ-MBP1 in 50 mM Bicine, pH 9; in step 2, the 

MagNanoTrap beads were washed with water, followed by mixing with NPs in the presence of 150 mM NaCl; in step 3, the 

MagNanoTrap-NPs complex was extracted by a magnet; and in step 4, the supernatant containing non-captured NPs was taken 

for absorbance measurement. 

Before conducting the enrichment experiments, an absorbance-based quantification method 

was established for PS NPs. For each PS NP variant, differing in size and surface charge, a 

range of concentrations was analyzed across the full UV spectrum. The optimal wavelength 

that provided the best linear correlation within the relevant concentration range was selected 

for quantification. The selected wavelengths and corresponding plastic types are summarized 

in the table below, along with their respective calibration equations, all exhibiting a linearity 

(R²) greater than 0.99 (Table 2). These calibration curves were subsequently used for 

quantifying PS NPs in a 200 µL scale enrichment and calculating recoveries.    
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Table 2. Calibration curves of PS NPs with different sizes and charges characterized by absorbance measurement. 

The enrichment optimization involved evaluating several key parameters to understand their 

effects on the recovery of PS-COOH500 nm NPs: the optimal concentration of iron oxide beads 

(Figure 21), the required amount of LCI-DZ-MBP1 for effective iron oxide beads decoration 

(Figure 22), the minimal incubation time needed for efficient peptide attachment (Figure 23), 

and the optimal NaCl concentration for the enrichment of NPs (Figure 24). Across all 

experiments, iron oxide beads were decorated using 5 µM LCI-DZ-MBP1 for 1-minute shaking 

to ensure saturated decoration. A 20-minute shaking process was used to maximize the capture 

of PS-COOH500 nm NPs, with 150 mM NaCl added in Step 2, unless otherwise noted. As 

illustrated in Figure 21, using 0.3 g/L of peptide-decorated iron oxide beads enabled efficient 

recovery of 0.2 g/L PS-COOH500 nm NPs, resulting in a high recovery rate of 96.1 ± 0.3%. 

 

Figure 21. The recovery of PS-COOH500 nm determined at increasing MagNanoTrap concentrations. The recovery 

reaches the maximum with 0.3 g/L SPIONs. 

Plastic type Wavelength Linear range (g/L) Calibration equation Linearity (R2) 

PS-COOH 100 nm 350 nm 0.00625-0.4 y=1.2586x-0.0053 0.9999 

PS-NH2 100 nm 340 nm 0.00625-0.2 y=1.6657x-0.0018 0.9998 

PS-COOH 500 nm 460 nm 0.003125-0.2 y=5.4455x+0.0041 0.9998 

PS-COOH 1000 nm 550 nm 0.003125-0.2 y=4.6207x-0.0120 0.9990 
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Using the optimized iron oxide concentration of 0.3 g/L, the peptide concentration for 

decoration was further refined. As shown in Figure 22, 1 µM of peptide was sufficient to fully 

functionalize 0.3 g/L of iron oxide beads. The LCI-DZ-MBP1 modification significantly 

enhanced NPs capture, increasing the recovery rate 10-fold compared to unmodified iron oxide 

beads. 

 

Figure 22. The recovery of PS-COOH500 nm determined at increasing LCI-DZ-MBP1 concentration. The recovery 

reaches saturation with 1 µM peptide for 0.3 g/L SPIONs. The peptide functionalization improves the recovery by 10-fold. 

Using the optimized iron oxide concentration of 0.3 g/L and peptide concentration of 1 µM in 

the enrichment system, the shaking time for peptide decoration was further investigated. 

Notably, as illustrated in Figure 23, only 3 seconds of shaking were enough to achieve effective 

iron oxide decoration, highlighting the advantage of rapid coating using material-binding 

peptide technology. 

 

Figure 23. The recovery of PS-COOH500 nm determined at increasing peptide decoration shaking time. The 

functionalization process by peptide is almost instant, with 3s shaking reaching the maximum recovery. 
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Peptide concentration and functionalization time were optimized to achieve efficient iron oxide 

decoration, while NaCl concentration was further adjusted to enhance the interaction between 

MagNanoTrap beads and PS NPs. Interestingly, enrichment occurred only in the presence of 

NaCl, with recovery reaching saturation at 150 mM (Figure 24). The effect of salt on these 

interactions will be explored in more detail in the following section (3.1.5). 

 

Figure 24. The recovery of PS-COOH500 nm determined at increasing NaCl concentration. Only in the presence of NaCl, 

the interaction between functionalized SPIONs and PS NPs occurs, with 150 mM NaCl reaching the maximum recovery. 

The broad applicability of the MagNanoTrap enrichment platform was evaluated using PS NPs 

functionalized with either amino (PS-NH₂, pKa 9–10) or carboxyl (PS-COOH, pKa 4.75) 

groups, with the optimized parameters. All experiments were conducted at pH 7, under which 

PS-NH₂ NPs carry a positive charge, while PS-COOH NPs are negatively charged. The 

adsorption capacities were measured as follows: 494.3 ± 7.0 mg/g for PS-NH₂ 100 nm, 

607.6 ± 9.5 mg/g for PS-COOH100 nm, 639.8 ± 3.2 mg/g for PS-COOH500 nm, and 

657.5 ± 6.0 mg/g for PS-COOH1000 nm (Figure 25). A clear trend was observed that larger PS-

COOH NPs sizes corresponded to increased adsorption capacity. 
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Figure 25. Adsorption capacity of positively and negatively charged PS NPs with MagNanoTrap beads. Positively 

charged PS-NH2 100 nm, as well as negatively charged PS-COOH100 nm, PS-COOH500 nm, and PS-COOH1000 nm NPs, are used for 

the adsorption capacity. Smaller NPs have relatively larger surface area, with the same NaCl concentration showing less 

adsorption capacity. 

Three additional NPs types, such as PP, PE, and PET, prepared by emulsification-solvent 

evaporation and nanoprecipitation, were tested to further validate the enrichment efficiency 

and broad applicability of the MagNanoTrap enrichment platform (Figure 26). Following 

incubation with MagNanoTrap beads and magnetic separation, the supernatants of all NP 

suspensions turned completely clear within 1 min, indicating effective and fast removal of the 

NPs. 

 

Figure 26. Visualization of PP, PE, PET, and PS NPs dispersion before and after magnetic extraction. Plastic dispersion 

is 0.2 g/L. All NPs solutions turn clear after magnetic extraction. 

Moreover, SEM/EDXS imaging of MagNanoTrap beads after capturing PS-COOH500 nm NPs 

further confirmed the successful functionalization of SPIONs (yellow color on iron oxide 



59 

 

surface, which is from the peptide) and the effective adsorption of NPs (spherical yellow shape, 

which represents PS NP; Figure 27).  

 

Figure 27. SEM coupled with EDXS images showing that PS NP was captured by MagNanoTrap beads. Purple 

represents Fe elements in iron oxide nanoparticles (top right), and yellow represents C elements in PS NPs and MagNanoTrap 

beads. 

In all, these findings demonstrate the robustness of the biofunctionalized MagNanoTrap as a 

versatile platform for NPs enrichment. 

3.1.5 Investigation of NPs adsorption by MagNanoTrap system under the salt effect 

Salt concentrations are known to affect protein binding behavior in hydrophobic interaction 

chromatography.187 The impact of salt on the binding efficiency of the exposed MBP1 peptide 

to PS NPs was examined to ensure the broad applicability of the MagNanoTrap enrichment 

platform. Sodium chloride (NaCl) was chosen to reflect conditions relevant to seawater 

environments, and NaCl can be supplemented to all kinds of environmental water samples to 

ensure the efficient adsorption of NPs via the MagNanoTrap enrichment platform. During the 

adsorption process, NaCl ions likely interfered with the interactions between water molecules 

and charged groups on the surfaces of both MagNanoTrap beads and PS NPs (Figure 28). Salt 

effects from NaCl weakened the hydration shell around the nanoparticles, thereby exposing 

more hydrophobic regions and enhancing hydrophobic interactions.188 
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Figure 28. Scheme illustrating the NaCl effects on NPs adsorption by MagNanoTrap beads.  

The NaCl effects on adsorption kinetics and isotherms were evaluated by introducing varying 

concentrations of NaCl into the MagNanoTrap enrichment system to gain a clearer 

understanding of its role in PS NPs adsorption. Kinetic analysis revealed that 0.2 g/L of PS-

COOH500 nm NPs were rapidly adsorbed by 0.3 g/L of MagNanoTrap beads, reaching saturation 

within 13 minutes (Figure 29). The experimental data exhibited a strong fit with the pseudo-

second-order kinetic model, achieving an R² value above 0.99, in contrast to the lower linearity 

(~0.97) observed with the pseudo-first-order model. This indicates that the adsorption process 

is primarily governed by the availability of binding sites.180 Moreover, the adsorption rate 

constant (𝑘₂) increased significantly with rising salt concentrations, from 1.36 ± 0.16 g/(g·min) 

at 100 mM NaCl to 4.04 ± 0.29 g/(g·min) at 200 mM, highlighting the key role of NaCl in 

enhancing adsorption kinetics. In contrast, the equilibrium adsorption capacity (qe) remained 

relatively stable across conditions, with values of 0.63 ± 0.01 g/g, 0.66 ± 0.01 g/g, and 0.64 ± 

0.01 g/g at 100 mM, 150 mM, and 200 mM NaCl, respectively (Table 3). 
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Figure 29. Adsorption kinetics of the MagNanoTrap platform for PS-COOH500 nm NPs at different salt concentrations. 

Enrichment was performed with 100 mM, 150 mM, and 200 mM NaCl, and the kinetics were fitted with the pseudo-second-

order model. The adsorption process is facilitated by the NaCl concentration. 

Table 3. Parameters of the adsorption kinetics equation of MagNanoTrap against PS-COOH500 nm at different NaCl 

concentrations. 

 Pseudo-first-order model Pseudo-second-order model 

NaCl concentration qe (g/g) k1 (min-1) R2 qe (g/g) k2 (g/(g·min)) R2 

100 mM 0.56 0.70 0.9709 0.63 1.36 0.9934 

150 mM 0.60 1.23 0.9623 0.66 2.44 0.9918 

200 mM 0.61 1.79 0.9711 0.64 4.04 0.9962 

In addition to the adsorption kinetic studies, adsorption isotherms were evaluated and fitted 

using both Langmuir and Freundlich models to investigate the impact of NaCl concentration 

on the adsorption affinity and maximum capacity of MagNanoTrap for PS-COOH 500nm NPs 

(Figure 30, Table 4).181 The data aligned closely with the Langmuir model, indicated by 

correlation coefficients exceeding 0.99, which suggests monolayer adsorption on a 

homogeneous surface. Notably, the Langmuir constant (KL) increased from 0.85 ± 0.05 L/g at 

100 mM NaCl to 1.85 ± 0.21 L/g at 200 mM, reflecting enhanced adsorption affinity with 

higher salt concentrations. The maximum adsorption capacities (qm) calculated from the model 

were 3.05 ± 0.08 g/g at 100 mM, 3.80 ± 0.09 g/g at 150 mM, and 3.95 ± 0.14 g/g at 200 mM 
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NaCl, significantly surpassing those of previously reported adsorbents such as biomass fibrous 

foam (444.6 ± 22.3 mg/g)189 and SPIONs-PAC105 (0.69 ± 0.26 g/g) for PS NPs. 

 

Figure 30. Adsorption isotherms of the MagNanoTrap platform for PS-COOH500 nm NPs at different salt 

concentrations. Enrichment was performed with 100 mM, 150 mM, and 200 mM NaCl, and the isotherms were fitted with 

the Langmuir model. The adsorption affinity is higher when more NaCl is supplemented. 

Table 4. Parameters of the adsorption isotherm equation of MagNanoTrap against PS-COOH500 nm at different NaCl 

concentrations. 

 Freundlich model Langmuir model 

NaCl concentration 1/n KF (L/g) R2 qm (g/g) KL (L/g) R2 

100 mM 0.54 1.33 0.9855 3.05 0.85 0.9985 

150 mM 0.40 2.13 0.9587 3.80 1.40 0.9981 

200 mM 0.33 2.53 0.9331 3.95 1.85 0.9970 

Interestingly, smaller PS-COOH NPs exhibited lower adsorption capacities compared to larger 

ones at the same NaCl concentration (Figure 31). For example, with 100 mM NaCl, the 

adsorption capacities were 517.6 ± 10.6 mg/g for 100 nm PS NPs, 591.2 ± 2.2 mg/g for 500 

nm PS NPs, and 649.4 ± 5.2 mg/g for 1000 nm PS NPs. This trend likely results from the higher 

surface area of smaller NPs, which demands more NaCl to effectively neutralize surface 

charges and promote adsorption. 
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Figure 31. Adsorption capacity of PS-COOH NPs with different sizes at different NaCl concentrations. Smaller NPs 

with a larger surface area require more NaCl to neutralize the surface charges. 

Enrichment experiments were conducted using 50 mM of various monovalent cations over a 

30-second reaction period to further test the salt effect hypothesis. The resulting adsorption 

capacities of MagNanoTrap against PS-COOH500 nm NPs followed the order NH₄⁺ > K⁺ > Rb⁺ 

> Cs⁺ > Na⁺ > Li⁺, aligning with the Hofmeister series and reflecting the cations’ salting-out 

effects (Figure 32).190 

 

Figure 32. Adsorption capacity of PS-COOH500 nm NPs by MagNanoTrap enrichment platform in the presence of 50 

mM monovalent cations. The enrichment reactions were performed with a 30-second shaking, and follow the Hofmeister 

series.  

Enrichment experiments were also conducted using heavy metal ions, such as Cd2+, Zn2+, Cu2+, 

and Ni2+, in place of NaCl, to evaluate the applicability of the MagNanoTrap enrichment 

platform in environmental water, especially from wastewater sources, containing heavy metal 
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ions that can be adsorbed on NPs’ surfaces.191 The results showed that PS-COOH500 nm NPs 

were recovered with over 99% efficiency, indicating that the presence of these heavy metal 

ions can also drive the enrichment process (Figure 33).   

 

Figure 33. Recovery of PS-COOH 500nm NPs with the addition of heavy metal ions. Heavy metal ions used for the 

enrichment assay are Cd2+, Zn2+, Cu2+, and Ni2+. Heavy metals don’t influence the interaction between the functionalized beads 

and NPs. 

Taking Mg2+ ions as an example, the heavy metal ions may play a role as a bridging reagent 

between MagNanoTrap beads and PS-COOH NPs through Lewis acid-base interactions 

(Figure 34). The peptide-decorated iron oxide surface contains abundant -NH2 and -COOH 

groups, both of which function as Lewis bases. Similarly, the PS NPs are carboxylated. Mg2+, 

a well-known Lewis acid, can coordinate with these Lewis base groups on both surfaces, 

forming a strong coordinate covalent bond.192 

 

Figure 34. Scheme illustrating the Mg2+ effects on NPs adsorption by MagNanoTrap beads. 

The role of Lewis acid-base interactions in adsorption was further confirmed by testing metal 

ions with varying Lewis acid strengths, including Na⁺, Mg²⁺, and Al³⁺, which follow the order 

Al³⁺ > Mg²⁺ > Na⁺ (Figure 35). In a 30-second adsorption assay, increasing salt concentrations 

enhanced adsorption capacity. Notably, the weakest Lewis acid, Na⁺, required a high 
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concentration of 800 mM to achieve maximum adsorption. In contrast, the strongest Lewis 

acid, Al³⁺, reached equilibrium at just 2 mM. Mg²⁺, with intermediate strength, achieved 

saturation at 25 mM. These results clearly demonstrate that adsorption capacity under fixed 

reaction time correlates with the Lewis acid strength of the metal ions, supporting the proposed 

mechanism of Lewis acid-base interaction-driven enrichment.   

 

Figure 35. Adsorption uptake of PS-COOH500 nm NPs by MagNanoTrap in the presence of Na+ (square), Mg2+ (circle), 

and Al3+ (triangle) ions. The inner figure is the zoomed-in view showing the details for Mg2+ and Al3+ induced adsorption. 

The adsorption is facilitated by Lewis acid-base interaction.  

Using Mg²⁺ as a representative ion, adsorption behavior was further explored through kinetic 

and isotherm studies (Figure 36). The kinetic data fit best with a pseudo-second-order model, 

reaching saturation within 2 minutes, faster and more efficient than Na⁺-driven adsorption, and 

requiring less salt. Interestingly, the adsorption isotherm exhibited two distinct phases. The 

initial phase followed the Freundlich model, indicating multilayer adsorption, with a maximum 

adsorption capacity of approximately 25 g/g, significantly higher than the ~3.8 g/g observed 

with Na⁺. This enhanced performance is attributed to coordination bonds formed through Lewis 

acid-base interactions, which are stronger than hydrophobic interactions. In the first layer, Mg²⁺ 

acts as a Lewis acid, bridging the electron-donating groups (–NH₂ and –COOH) on the peptide-

functionalized iron oxide beads and the carboxylated PS NPs. Subsequent layers are formed by 

Mg²⁺ bridging between PS-COOH NPs. However, once a critical size or complexity is reached, 

the structure becomes unstable, and the adsorption capacity declines due to loss of structural 

integrity. 
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Figure 36. Adsorption kinetics (a) and isotherms (b) of the MagNanoTrap platform for PS-COOH500 nm NPs adsorption 

in the presence of 25 mM Mg2+. The kinetics are fitted to both Pseudo-first-order and Pseudo-second-order, and the isotherm 

is fitted with the Freudlich model. The adsorption process is faster when the adsorption is initialized by Mg2+ compared with 

that by Na+. 

Using Zn²⁺ as a model ion, the adsorption uptake of MagNanoTrap beads and PS-COOH500 nm 

NPs was assessed individually and in combination for heavy metal uptake (Figure 37). At a 

Zn²⁺ concentration of 20 mM, MagNanoTrap beads (0.3 g/L) alone adsorbed 1292.3 ± 55.5 µM 

of Zn²⁺, while PS-COOH 500 nm NPs (0.2 g/L) independently captured 538.5 ± 40.7 µM. 

However, when both components were incubated together, the total Zn²⁺ adsorption reached 

only 1456.4 ± 38.7 µM, less than the sum of their individual capacities. This reduction further 

suggests that Zn²⁺ ions likely act as bridging agents between the MagNanoTrap beads and the 

PS-COOH NPs during the adsorption process. 

 

Figure 37. Adsorption uptake of Zn2+ by MagNanoTrap and PS-COOH500 nm, both individually and in combination. 

Zn2+ plays the role of a bridging reagent between the MagNanoTrap and PS NPs. 
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The results above demonstrate that NaCl supplementation enhances MBP1 binding to plastic 

surfaces, while the presence of heavy metals does not interfere with the enrichment process. 

This underscores the broad applicability of the MagNanoTrap platform, which can be 

effectively used across various natural aqueous environments, including lakes, rivers, seawater, 

and wastewater, since NaCl can be readily introduced to facilitate the enrichment when needed. 

3.1.6 Evaluation of NPs enrichment performance by MagNanoTrap system in a 1 L-

scale reaction 

This section aims to demonstrate that the NaCl-assisted enrichment protocol is scalable to a 1-

liter volume by evaluating the recovery of spiked mixed polymer nanoparticles, including PP, 

PE, PET, and PS, in deionized water. As illustrated in Figure 38, a seven-step workflow was 

developed to assess the enrichment performance of the MagNanoTrap technology at this scale, 

utilizing Py-GC/MS for detection and quantification of the plastic nanoparticles. 

In the first step, the water samples were subjected to 1 µm glass-fiber filtration to remove the 

large aggregates, followed by hydrogen peroxide (H₂O₂) digestion at 60 °C with shaking for 

two days to eliminate organic matter. In the second step, MagNanoTrap beads were introduced 

into the pretreated samples along with NaCl to promote binding. Steps three and four involved 

magnetic extraction of the MagNanoTrap-NPs complexes, effectively reducing the sample 

volume. In step five, the complexes were digested with 37% hydrochloric acid at 65 °C, 

followed by filtration using 10 kDa centrifugal filters (PES membrane) to remove the acid and 

keep the enriched NPs. The sixth step involved recovering the complexes with methanol and 

transferring them to Py-GC/MS sampling cups. Finally, in step seven, the NPs were analyzed 

and quantified using Py-GC/MS analysis.  

 

Figure 38. Scheme of the seven-step workflow developed for assessing the enrichment performance of MagNanoTrap 

technology on 1 1 L scale. In step 1, 1 µm filtration and H2O2 digestion were done to remove the large aggregates and organic 

matter; in step 2, MagNanoTrap beads were added to the pretreated environmental water samples with the supplementation of 

NaCl; in steps 3 and 4, MagNanoTrap-NPs complex was extracted by a magnet to reduce the volume; in step 5, MagNanoTrap-

NPs complex was digested by 37% HCl at 65 °C, followed by filtration with 10 kDa centrifugal filters; in step 6, the complex 

was recovered with methanol and transferred to Py-GC/MS sampling cups; and in step 7, NP quantification was done by Py-

GC/MS. 
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Before performing the 1-liter scale enrichment, specific indicator ions for the nine target NPs 

were selected based on prior identifications and literature sources.18, 19, 69, 73, 193 Analytical 

standards for each plastic type were examined using Py-GC/MS to determine their 

characteristic pyrolysis products and corresponding ions (Table 5, Figure 39). Additionally, 

potential interferences from peptide-related signals were evaluated to ensure specificity. 

The pyrolysis markers selected for each polymer are summarized in Table 5. For PMMA, 

methyl methacrylate (m/z 100) was chosen as the quantifier due to its high specificity and 

sensitivity. In the case of PP, 2,4-dimethyl-1-heptene (m/z 126) was identified as the most 

suitable marker. Regarding PC, isopropenylphenol (m/z 134) was used as the qualifying 

indicator compound due to its specificity. For Nylon 6, although ε-caprolactam (m/z 113) is 

widely recognized as a highly specific marker, it also overlapped with signals from the peptide 

matrix. Therefore, N-(5-cyanopentyl)hex-5-enamide (m/z 154) was chosen instead for Nylon 

6 qualification to reduce interference. For Nylon 66, the primary pyrolysis product, 

cyclopentanone (m/z 84), was selected as the main quantifier. However, because this 

compound is also generated from the pyrolysis of other nylon types (e.g., Nylon 4,6, Nylon 

12,6, Nylon MXD6, and various nylon copolymers such as Nylon 6/66),194 it was used to 

represent the total contribution from all cyclopentanone-based nylons. This broader 

classification is denoted in this study as ∑Nylon 66. 

PS pyrolysis yields three major products: styrene monomer (m/z 104), its dimer (3-butene-1,3-

diyldibenzene; m/z 91 and 208), and trimer (5-hexene-1,3,5-triyltribenzene; m/z 91 and 312). 

While the styrene monomer is the most abundant and commonly used in clean samples, it is 

also known to arise from natural organic matter such as chitin, lignin, albumin, and fish 

proteins, compromising its specificity in environmental matrices.44, 113, 116, 195, 196 Therefore, for 

environmental analysis, the dimer and trimer, whose formation is unique to polystyrene, offer 

greater reliability. Among these, the styrene trimer, though less abundant, was selected as the 

quantification marker due to its specificity and the strong molecular ion signal at m/z 91.18, 44, 

116, 195, 196 

For PET analysis, vinyl benzoate (m/z 105) is commonly used as the quantifier ion, with 

benzoic acid (m/z 122) serving as the qualifier. However, during this study, it was found that 

peptides exhibited overlapping signals at these same m/z values, compromising the specificity 

of PET detection. To avoid this interference, monomethyl terephthalate (also m/z 105), a more 

distinct pyrolysis product for PET, was selected as the quantifier instead.193 
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PE pyrolysis yields a variety of long-chain hydrocarbons, including alkanes, alkenes, and 

alkadienes. While these compounds can be used for quantification, they are also commonly 

produced from other hydrocarbon-containing substances such as lipids, oils, waxes, 

surfactants, and natural fats, introducing substantial matrix interference, particularly in 

complex environmental samples.195-199 Among these, n-alkadienes, though less intense in 

signal, have been shown to be the most specific indicators for PE, especially in avoiding 

interference from biogenic materials. Thus, in this study, n-alkadiene C17 (m/z 125) was 

selected for PE quantification, ensuring minimal interference from the peptide background. 

For PVC, 1-methylnaphthalene and 2-methylnaphthalene (both m/z 142) were selected for 

quantification, despite their relatively low specificity. Naphthalene (m/z 128) was chosen as 

the qualifier due to its strong signal intensity and sensitivity, which were superior to other 

potential markers. However, interference from the peptide background rendered PVC detection 

unreliable within the MagNanoTrap system. As a result, data for PVC were excluded from 

further analysis and discussion in this study. 

The selected indicator ions for all analyzed plastics showed strong linearity in their calibration 

curves in the range of 0.5 – 2.5 mg SiO2 complex/cup, with correlation coefficients around 

0.99, confirming the reliability of the quantification approach. The LODs, calculated based on 

concentrations obtained from laboratory and procedural blanks, were 0.059 µg/L for PE, 

0.201 µg/L for PP, 0.061 µg/L for PS, 0.043 µg/L for PET, 0.001 µg/L for PMMA, 0.001 µg/L 

for PC, 0.013 µg/L for Nylon 6, and 0.145 µg/L for Nylon 66. These low LODs enable reliable 

quantification of nanoplastic particle mass concentrations in water samples using the proposed 

method. Notably, the LOD values obtained are consistent with those reported in previous 

studies on NPs in environmental water samples.18, 19, 69, 73  
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Table 5 Characteristic components and calibration functions of the eight analyzed nanoplastic polymer types. 

Polymer Indicator 

compound 

Indicator 

ions (m/z) 

Calibration functions Linearity 

(R2) 

LOD 

(ng) 

LOQ 

(ng) 

PE 1-Heptadecene 

(C17) 

125 y=9639.058x+17634.639 0.994 58.62 177.64 

PP 2,4,6-Dimethyl-

1-heptene 

126 y=19794.827x+5293.108 0.996 200.50 607.57 

PS Styrene trimer 91 y=3620170.055x+91565.638 0.999 60.67 183.84 

PET Monomethyl 

terephthalate 

105 y=624495.860x-6139.633 0.996 42.76 129.60 

PMMA Methyl 

methacrylate 

100 y=2774172.354x-865.402 0.999 1.30 3.95 

PC p-

Isopropenylphen

ol 

134 y=3438297.015x+23987.357 0.987 0.81 2.45 

Nylon 6 N-(5-

cyanopentyl)hex

-5-enamide 

154 y=2690993.850x+133328.50

0 

0.990 13.12 39.76 

Nylon 66 Cyclopentanone 84 y=697560.697x+168218.346 0.990 145.26 440.18 
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Figure 39. GC/MS spectrum chromatography of each plastic type, including PP, PS, PMMA, PET, PE, PC, 

Ny6, and Ny66. Unfortunately, the figure could not be increased in size. In detail, the results show the retention 

time and specific compound for each polymer, together with the corresponding mass spectroscopy. 
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Since the enriched NPs mixed with peptides were combined for subsequent Py-GC/MS 

analysis, it is crucial to verify that the selected indicator compounds produce signals specific 

to plastics and not to the peptides to ensure reliable quantification. As shown in Figure 40, all 

plastic types analyzed using the MagNanoTrap enrichment technology exhibited signals 

exclusively from the plastics, confirming that peptides do not interfere with the identification 

of PE, PET, PP, PS, PMMA, PC, Ny6, and Ny66 NPs. 
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Figure 40. Py-GC/MS chromatograms from plastics and peptides. a, Chromatograms of mixed plastics, containing PP, 

PE, PET, PS, PMMA, PC, PVC, Nylon 6, Nylon 66, ABS, and SBR (top) and the peptide LCI-DZ-MBP1 (bottom). 

Chromatograms with the extraction of indicator compounds for each plastic type, including b, PE, c, PET, d, PP, e, PS, f, 

PMMA, g, PC, h, nylon 6, and i, nylon 66, compared with the peptide. It shows that the peptide doesn’t influence the plastic 

analysis. 
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The potential interference from iron oxide in nanoparticle quantification was further examined 

using PS as a model. PS NPs captured by MagNanoTrap beads were analyzed both with and 

without HCl acid digestion. As shown in Figure 41, without the digestion of the iron oxide, the 

characteristic peak (m/z 91) corresponding to the PS trimer appeared split into two peaks, 

accompanied by a significant reduction in signal intensity. This highlights the critical need to 

remove iron oxide prior to plastics analysis by Py-GC/MS. 

 

Figure 41. Py-GC/MS chromatography of 5 µg PS NPs captured by the MagNanoTrap beads with and without acid 

digestion. The presence of iron will interfere with the quantification of plastics. 

The reliable quantification based on the MagNanoTrap enrichment platform was established 

by eliminating peptide background and iron oxide interference. The subsequent parameter 

optimization focused on determining the optimal amount of MagNanoTrap beads, the required 

incubation time for efficient PS-COOH NPs recovery, and the ideal NaCl concentration to 

assess the 1 L-scale enrichment capability of the MagNanoTrap platform for trace amounts of 

PS-COOH 500nm NPs. In detail, when spiking 5 µg of PS-COOH 500nm NPs, increasing the 

quantity of MagNanoTrap beads enhanced recovery, with 16 mg of beads achieving a recovery 

rate of 64.3% (Figure 42a). The relationships between PS NPs recovery and both incubation 

time and NaCl concentration were non-linear, with the highest recoveries observed at 2 hours 

of shaking and 1 M NaCl, respectively (Figure 42b and 42c). The broad applicability of the 

method was further demonstrated by enriching a mixed nanoparticle suspension containing 1 

µg each of PP, PE, PET, and PS, resulting in recoveries of 65.8%, 68.0%, 67.7%, and 58.7%, 

respectively (Figure 42d). 
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Figure 42. One-liter scale enrichment characterized by Py-GC/MS. a, Recovery of PS-COOH 500nm NPs (5 µg spiked in 

1 L deionized water) at different amounts of MagNanoTrap beads, with 1 M NaCl and 2 h shaking. b, Recovery of PS-COOH 

500nm NPs (5 µg spiked in 1 L deionized water) at different shaking times, with 1 M NaCl and 16 mg MagNanoTrap beads. 

c, Recovery of PS-COOH 500nm NPs (5 µg spiked in 1 L deionized water) at different NaCl concentrations, with 2 h shaking 

time and 16 mg MagNanoTrap beads. d, Recovery of mixed NPs (PS, PP, PE, and PET, each spiked with 1 µg in 1 L deionized 

water) by 16 mg MagNanoTrap beads. 

Overall, the results shown above demonstrate the scalability of the MagNanoTrap platform 

with enrichment of trace amounts of mixed NPs, down to 1 µg/L, spiked in 1 L of water. It 

makes the MagNanoTrap enrichment technology an attractive tool for NPs detection and 

quantification in environmental water samples.    

3.1.7 NPs detection and quantification in environmental water samples 

The applicability of the MagNanoTrap enrichment technology for monitoring nanoplastic 

contamination in environmental water samples was evaluated using seven distinct waters. 

These sources included freshwater from the Rhine River (Düsseldorf, Germany, Figure 43), 

seawater from the coast (Portugal), lake water from Hangeweiher Park (Aachen, Germany, a 

site with high human activity), lake water from the Eifel natural reservoir (Schleiden, Germany, 

a site with low human activity), and wastewater from the effluent of the wastewater treatment 

plant (WWTP, Heiderscheidergrund, Luxembourg). Additional wastewater samples were 

collected after sand filtration and ultrafiltration to assess the impact of advanced treatment 

processes. This diverse selection of samples, spanning freshwater, saltwater, and treated 

wastewater, allowed for a comprehensive assessment of the MagNanoTrap technology’s 
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versatility. Prior to analysis, all samples were pretreated with H₂O₂ to remove organic matter 

from the NP surfaces, thereby facilitating effective MBP1 binding and enabling accurate 

quantification via Py-GC/MS analysis based on pyrolysis products, characteristic ions, and 

their corresponding intensities (Figure 40).19, 69 

 

 

Figure 43. Representative sampling site of the river sample in the Rhine River, Düsseldorf, Germany. A sample of 1 L 

of river water was collected for later NPs detection and quantification.  

NPs of varying sizes and polymer compositions are anticipated to be present in environmental 

water;18, 73 however, commercially available analytical standards for many nanoplastic types 

are still lacking.18, 44, 72, 73, 77, 113, 116, 200, 201 To address this, a combination of commercially 

sourced 500 nm PS NPs and lab-synthesized nanoparticles of PP, PE, and PET, with average 

sizes of 340 nm (PP and PE) and 115 nm (PET), was used in this study. These particles were 

selected as the closest practical surrogates for the targeted NPs to assess their recovery 

efficiency. Although these model standards serve as useful proxies, it's important to note that 

even polymer-matched NPs might not fully reflect the diversity of NPs found in the 

environment. This is primarily due to the limited information available on environmental 

plastics smaller than 10 µm, including their shapes, size distributions, surface properties, and 

tendency to aggregate. Hence, while recovery testing provides valuable insight, comprehensive 

characterization of environmental NPs remains a critical step in further understanding this 

pollutant class. 

In this study, quantitative recovery of each nanoplastic type (PP, PE, PET, and PS) was 

achieved at a spiking level of 1 µg/L across seven environmental water matrices, which 

included river, lake, seawater, and treated wastewater samples (Table 6). The observed 

recovery rates in these environmental samples ranged from 51.9% to 60.6%, whereas those in 

deionized water ranged between 58.7% and 68.0%. Although these recoveries fell below 70%, 
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they are consistent with values reported in similar studies. For example, prior work using large-volume ultrafiltration combined with H₂O₂ digestion 

and Py-GC/MS analysis reported PS NPs recoveries between 58.3%–60.1% in Milli-Q water and 54.6%–58.1% in wastewater. Similarly, PMMA 

NPs recoveries were reported in the range of 65.4%–68.1% for Milli-Q water and 57.8%–64.2% for wastewater.19, 69 

Table 6. Determination of the concentration and spiked recovery of NPs in environmental waters by the proposed method. For each type of environmental water sample, 1 µg of PP, PE, 

PS, and PET NPs were spiked into 1 L of water samples to study the recovery. 

 
 PP PE PS PET PMMA Ny66 N6 PC SUM 

Sample Detected 

(µg/L) 

Recovery 

(%) 

Detected 

(µg/L) 

Recovery 

(%) 

Detected 

(µg/L) 

Recovery 

(%) 

Detected 

(µg/L) 

Recovery 

(%) 

Detected 

(µg/L) 

Detected 

(µg/L) 

Detected 

(µg/L) 

Detected 

(µg/L) 

Detected 

(µg/L) 

River 1,089  2,609  0,148  0,239  0,035 1,416 0,090 0,008 5,636 

Spiked 1,630 54,09 3,198 58,82 0,725 57,68 0,762 52,21      

Lake in the 

park 

1,410  3,684  1,863  0,103  0,033 1,415 0,078 0,012 8,598 

Spiked 1,969 55,86 4,270 58,60 2,441 57,88 0,623 51,99      

Lake in the 

natural 

reservoir 

0,259  1,402  0,211  ND  0,019 0,641 0,072 0,001 2,605 

Spiked 0,839 57,99 2,003 60,09 0,810 59,88 0,555 55,48      

Sea 0,433  1,220  0,061  ND  0,013 1,412 0,018 0,005 3,160 

Spiked 1,039 60,61 1,783 56,33 0,603 54,21 0,543 54,35      

Wastewater 4,046  4,265  1,746  0,624  0,062 2,267 0,084 0,069 13,161 

Spiked 4,620 57,43 4,840 57,51 2,327 58,02 1,149 52,50      

Wastewater 

after sand 

filtration 

2,176  1,340  0,893  0,367  0,034 1,318 0,077 0,021 6,226 

Spiked 2,762 58,60 1,901 56,09 1,470 57,72 0,886 51,92      

Wastewater 

after 

ultrafiltration 

0,388  0,062  0,272  0,069  0,022 0,468 0,052 0,018 1,350 

Spiked 0,955 56,75 0,647 58,47 0,832 56,00 0,593 52,42      
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It is important to acknowledge that this study did not examine the effects of natural aging or 

weathering on the selected NPs. However, previous research has demonstrated that extensive 

environmental weathering of plastic particles can alter the signal intensity of pyrolysis-derived 

indicator compounds used for quantification via Py-GC/MS, often resulting in decreased or 

variable responses depending on UV exposure duration.202, 203 Based on these findings, we 

propose that quantifying NPs in water samples that have undergone prolonged weathering, 

such as exposure to sunlight, oxidation, or microbial activity, may be affected when using 

calibration standards made from unweathered, virgin polymers. This is particularly relevant 

because such changes could compromise the accuracy of quantification if the aged materials 

respond differently during pyrolysis. As previously discussed, the lack of comprehensive 

surface and chemical characterization data for environmental NPs adds a layer of uncertainty 

to these analyses. This limitation stems from our incomplete understanding of the physical and 

chemical transformations that environmental NPs undergo over time. To reduce this 

uncertainty and improve the reliability of quantitative assessments, further studies are needed 

to investigate how environmental aging alters nanoplastic properties and their resulting 

pyrolysis profiles. 

Overall, the aforementioned findings highlight the robustness of our method, particularly given 

the absence of standardized, validated approaches capable of quantifying a broad spectrum of 

NPs across diverse environmental matrices.18, 19, 69, 73, 113, 204 That said, it's essential to 

acknowledge that several procedural steps during sample preparation, such as microfiltration, 

H₂O₂ digestion, transfers between glass containers, HCl treatment, and cup loading for Py-

GC/MS, may introduce particle loss. These losses likely arise from NPs adhering to container 

surfaces, membranes, or pipette tips during handling. Furthermore, particles that aggregated 

with each other or bound to larger particulates may have been excluded during filtration with 

a 1 µm pore-size membrane, contributing to the underestimation of actual concentrations. 
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Figure 44. Quantification and determination of plastic composition in seven types of environmental water samples. It 

includes river water from the Rhine River, seawater from the coast of Portugal, lake water from the Hangeweiher Park (Lake 

A) with high human activity, lake water from the Eifel natural reservoir (Lake B) with restricted human activity, wastewater 

samples obtained from the effluent of the wastewater treatment plant Heiderscheidergrund (Wastewater A), wastewater after 

sand filtration (Wastewater B) and wastewater after ultrafiltration (Wastewater C).  

The effectiveness of the hyphenated analytical method was validated by examining 

environmental water samples collected from diverse locations across Portugal, Luxembourg, 

and Germany. NP concentrations were quantified using calibration curves derived from the 

peak areas of specific indicator ions. In the absence of peptide-related peak interference, eight 

different types of plastic particles, including PP, PE, PS, PET, PMMA, Nylon 6, Nylon 66, and 

PC, were accurately identified and quantified. The results, summarized in Table 6, reveal the 

measured NP mass concentrations in each sample. 

The total concentrations of NPs found in river water, seawater, lake water from a park, lake 

water from a natural reservoir, untreated wastewater effluent, wastewater after sand filtration, 

and wastewater after ultrafiltration were 5.64 µg/L, 3.16 µg/L, 8.60 µg/L, 2.61 µg/L, 13.16 

µg/L, 6.23 µg/L, and 1.35 µg/L, respectively (Fiugre 44). Among the detected polymers, PE, 

PP, and Nylon 66 were present in relatively higher concentrations, ranging from 1.220 to 4.265 

µg/L, 0.259 to 4.046 µg/L, and 0.641 to 2.267 µg/L, respectively. These were followed by PS 

(0.061–1.746 µg/L), PET (below detection limit to 0.624 µg/L), Nylon 6 (0.018–0.084 µg/L), 

PC (0.001–0.069 µg/L), and PMMA (0.013–0.062 µg/L). Our quantified results for wastewater 

are relatively high compared to the values reported in the literature. For instance, Py-GC/MS 

analysis of NPs in treated effluent from a WWTP in Australia reported concentrations ranging 

from 0.8 to 12.4 µg/L.73 These variations may reflect differences in the pollution levels and 
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treatment technologies employed at the WWTPs, as well as discrepancies in the quantification 

methods used. 

Notably, lake water from an urban park, where human activity is more prominent, contained 

approximately 3.3 times more NPs than water from a natural reservoir. This highlights the 

significant contribution of anthropogenic activities to environmental plastic pollution. In terms 

of wastewater treatment performance, notable reductions in NPs concentrations were observed. 

Sand filtration removed approximately 52.7% of NPs, while ultrafiltration achieved a higher 

removal efficiency of up to 89.7%. 

With the exception of PET, which was not detected in seawater or the natural reservoir lake, 

all other target nanoplastic types were identified and quantified in the environmental samples, 

confirming their widespread presence in natural water systems. Among these, PP, PE, and 

Nylon 66 emerged as the most dominant NPs, collectively accounting for more than 75% of 

the total detected plastic content (Figure 45). Notably, PP and PE consistently appear as the 

most abundant plastic types in prior studies, regardless of whether the samples originated from 

surface waters or wastewater sources.18, 19, 69, 73 Interestingly, while Nylon 66 was not 

commonly analyzed or reported as a major nanoplastic in earlier studies, it ranked among the 

top three most prevalent polymers detected in this investigation. This discrepancy may stem 

from differences in sampling strategies, analytical techniques, local sources of plastic pollution, 

or variations in wastewater treatment processes. The prominent presence of Nylon 66 in river, 

lake, sea, and wastewater samples suggests it is a significant contributor to environmental 

nanoplastic pollution and underscores the need to include it in future monitoring and analytical 

frameworks for NPs in aquatic environments. 
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Figure 45. Plastic distribution in detected environmental water samples. PP, PE, and Nylon 66 are the top three dominant 

plastic types in environmental water. 

While the morphological characterization of nanoplastic particles is important for 

understanding their environmental behavior and toxicological impact, direct visualization in 

non-concentrated water samples remains highly challenging. However, following enrichment 

using the developed MagNanoTrap platform, SEM analysis enabled the observation of various 

NP shapes, including fiber-like, flake-like, and ball-stick morphologies, which is consistent 
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with observations reported in previous studies (Figure 46).66 The fiber-like forms of NPs were 

particularly prominent in samples from ultrafiltrated wastewater and were predominantly 

below 100 nm in size. Since treated wastewater is often released back into domestic water 

systems, the presence of such small-sized NPs raises concern. Due to their high surface-to-

volume ratio, these particles have a heightened ability to adsorb toxic substances.27 Once 

ingested by animals or humans, they can carry these harmful compounds into the body.205 This 

risk is especially pronounced for NPs smaller than 20 nm, as they have the potential to cross 

the blood-brain barrier, possibly leading to serious health effects.37, 38 

 

Figure 46. SEM images of NPs in the environmental water samples. NPs in environmental water are of irregular shapes. 

In summary, it is essential to monitor micro/nanoplastic pollution to support a circular polymer 

economy, as these contaminants pose risks to environmental, animal, and human health. The 

European Commission has acknowledged a critical gap in reliable analytical tools for detecting, 

quantifying, and removing MPs and NPs, which hampers regulatory efforts.52, 53 This 
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underscores the urgent need for enrichment and detection technologies that are broadly 

applicable. 

In this study, the integrated use of bifunctional peptides, SPIONs, and Py-GC/MS offers a 

robust solution for quantifying NPs in a range of environmental waters, including lakes, rivers, 

seas, and wastewater. Using just one liter of sample, this method enabled the accurate detection 

and quantification of several nanoplastic types, including PP, PE, PS, PET, PC, Nylon 6, and 

Nylon 66, with detection limits as low as 0.81 ng for PC. The modular design of the bifunctional 

peptides ensures broad applicability. By replacing the NP-binding domain with peptides 

specific to other materials, the system can be adapted to capture various synthetic polymers 

(e.g., Teflon, carbon fibers) and inorganic particles (e.g., metals, metal oxides, silica).137, 206-208 

Given its versatility, the MagNanoTrap platform holds promise for use beyond environmental 

monitoring, where it may also be effective in analyzing industrial effluents, food matrices, or 

biological samples such as human tissues. Over time, it is anticipated that MagNanoTrap could 

become a standard tool for NP detection, supporting both researchers and policymakers in 

achieving Sustainable Development Goal 6 (SDG6) for clean and safe water.209 

3.2 “Hooked for Decay” for NPs capture and degradation   

Plastic pollution has become a significant environmental issue, particularly due to the 

persistence of MP/NPs, which need to be either removed or broken down efficiently to 

safeguard both environmental and human health. Achieving MP/NP-free water systems is a 

considerable challenge, as traditional water treatment technologies, such as coagulation, 

sedimentation, filtration, and disinfection, are generally inadequate for removing these 

particles effectively.210-212 Many widely used polyolefins like PE, PS, and synthetic rubbers are 

chemically inert and resist natural degradation, largely due to the absence of effective 

biological catalysts.213-215 Among these, elastomers such as SBR, a key component of tire 

polymers, are especially concerning. These materials break down into micro- and nanoscale 

fragments through mechanical abrasion and environmental weathering, contributing 

significantly to plastic contamination.48, 49 

Recent research has introduced promising biohybrid catalysts based on the MBP LCI. One 

example includes a catalyst incorporating GH cofactor, which facilitates ring-opening 

metathesis polymerization (ROMP) of an oxanorbornene derivative to form a hydrophilic 

polynorbornene coating on surfaces like silica wafers and PP.151 Another study reported a 
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Co(TACD)-based catalyst (TACD = 1,4,7,11-tetraazacyclododecane), which was immobilized 

on PS MPs via LCI and used oxone to drive oxidative degradation.152 

In this section, we present a system termed “Hooked for Decay,” which utilizes Fe₃O₄ magnetic 

beads coated with a hydrophobic film formed by a ROMP reaction. This system was created 

by immobilizing a GH-type cofactor onto Fe₃O₄ beads via the LCI_F16C peptide and 

catalyzing the polymerization of a modified hydrophobic norbornene derivative (Nor-C18). 

The resulting hydrophobic surface enabled these beads to "hook" and enrich various NPs from 

aqueous solutions. The captured SBR NPs were then subjected to ethenolysis, a degradation 

process targeting the internal C=C bonds in the 1,4-butadiene units, carried out in an organic 

solvent with ethylene gas but without requiring additional catalysts, thus demonstrating the 

system’s “decay” function (Figure 47). 

 

Figure 47. Overview of the Hooked for Decay process for NPs capture and SBR degradation. The GH-cofactors are 

immobilized on the SPION surface via peptide LCI, and initiate ROMP reaction to form a hydrophobic film for NPs capture. 

The GH-cofactor retains its ethenolysis catalytic function and breaks the internal C=C bonds of SBR. 

To establish and validate the “Hooked for Decay” strategy for NPs capture and degradation, 

the following key steps were performed: (A) GH-cofactors were conjugated to the LCI_F16C 

peptide to create functional biohybrid catalysts; (B) The functionalized Fe₃O₄ particles were 

analyzed to confirm the successful formation of a polymer layer while ensuring uninfluenced 

magnetic properties; (C) Capture conditions were optimized, and assessment of the salt-out 

effects on NPs enrichment efficiency were investigated; and (D) The degradation of SBR was 

studied via ethenolysis, using the embedded GH-cofactors as catalysts. 

3.2.1 Custom design of a biohybrid catalyst 

Bifunctional film-coated

Fe3O4 nanoparticle

Hook: Capture of

nanoplastics (PP, PE, 

PS, PET, PMMA, SBR)

Decay: Degradation of

SBR nanoparticles
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Grubbs-Hoveyda cofactors GH-C3, GH-C5, and GH-C10, each featuring maleimide linkers 

of different spacer lengths, were synthesized according to a previously reported protocol for 

this study. These cofactors were covalently attached to the LCI_F16C peptide variant via the 

cysteine residue at position 16 using a Michael addition reaction (Figure 48). The conjugation 

was carried out in Tris-HCl buffer (20 mM, pH 7.5, 150 mM NaCl) containing 5% DMSO 

(v/v). 

Ru
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O
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LCI_F16C peptide

H2O, 5% DMSO (v/v)
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25 °C, 60 min
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n =  3  - GH-C3@LCI_F16C

n =  5  - GH-C5@LCI_F16C

n = 10 - GH-C10@LCI_F16C  

Figure 48. Conjugation of GH-cofactors to LCI_F16C. The conjugation is done by click chemistry between the maleimide 

linker and the free cysteine group in LCI. 

To prevent disulfide bond formation between LCI_F16C peptides, dithiothreitol (DTT) was 

added prior to the conjugation with GH-cofactors. The resulting biohybrid catalysts, denoted 

as GH-Cn@LCI_F16C (where n = 3, 5, 10), were structurally modeled using YASARA 

software. These simulations were based on the resolved crystal structure of LCI available in 

the Protein Data Bank (PDB ID: 2B9K;146 see Figure 49). 

 

Figure 49. Protein modelling of GH-C3@LCI_F16C, GH-C5@LCI_F16C, and GH-C10@LCI_F16C. 

The conjugation efficiency of GH-cofactors to LCI_F16C peptides, regardless of linker length, 

was assessed using ICP-OES. Results showed efficiencies exceeding 90%, confirming that 

each LCI_F16C peptide was successfully conjugated with one GH cofactor (Table 7). 



86 

 

Table 7. ICP-OES results for conjugation of GH-cofactors to LCI_F16C. The conjugation efficiency is around 90% 

confirmed by ICP-OES. 

Entry Catalyst 
Expected Ru 

content (ppm) 

Measured Ru 

content (ppm) 

Conjugation 

efficiency 

1 no catalyst 0.00 0.05 --- 

2 GH-C3@LCI_F16C 3.61 3.27 ± 0.05 91% 

3 GH-C5@LCI_F16C 3.48 3.12 ± 0.05 90% 

4 GH-C10@LCI_F16C 3.96 3.51 ± 0.05 89% 

To further verify the conjugation yield, a cysteine titration assay was performed using the 

maleimide-based fluorescent probe ThioGlo-1. This method helps account for any potential 

non-covalent or nonspecific binding of GH cofactors to the peptide surface (Figure 50).216, 217 

When ThioGlo-1 was added to a solution containing free LCI_F16C, a substantial increase in 

fluorescence intensity was observed compared to the control without peptide. In contrast, the 

GH-C3@LCI_F16C, GH-C5@LCI_F16C, and GH-C10@LCI_F16C samples showed only a 

slight increase in fluorescence over the negative control. These results indicate that nearly all 

cysteine residues were conjugated, supporting a coupling efficiency of approximately 90%, 

consistent with the data obtained from ICP-OES analysis. 

 

Figure 50. Coupling of fluorescence indicator ThioGlo-1 to the biohybrid catalysts to determine the content of non-

reacted -SH groups in LCI_F16C. The conjugation efficiency is over 90% confirmed by the cysteine titration assay. 

CD spectroscopy, measured in Tris-HCl buffer (50 mM, pH 8.0) at 25 °C, indicated by the 

characteristic minimum at λ = 210 nm (Figure 51), confirmed that the structural integrity of the 

LCI_F16C peptide was maintained in the biohybrid catalysts. 
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Figure 51. CD spectra of LCI_F16C with and without conjugation of GH-cofactors. The three-dimensional structure of 

LCI is not influenced by the cofactor conjugation. 

The results above confirmed that the synthesized GH-cofactors were efficiently and 

successfully conjugated to the LCI_F16C peptide. The resulting biohybrid catalysts will next 

be evaluated for their functional performance, specifically assessing the ring-opening 

metathesis and ethenolysis activities contributed by the GH-cofactors, as well as the material-

binding capability provided by the LCI peptide. 

3.2.2 Investigation of successful film coating by material characterization 

Figure 52 provides a schematic representation of the iron oxide nanoparticle coated with a 

hydrophobic film. In this design, the biohybrid catalyst GH-C3@LCI_F16C is anchored onto 

the iron oxide surface through the binding interaction of the LCI_F16C peptide. 

Simultaneously, the attached GH-cofactors, which incorporate a ruthenium catalytic center, 

rapidly drive a fast ROMP reaction, proceeding efficiently in water with methanol as a 

cosolvent at room temperature. This reaction produces an outer hydrophobic polynorbornene 

layer, formed from a custom-designed norbornene monomer bearing a modified C18 

hydrophobic tail. 
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Figure 52. Scheme illustrating the decoration of an iron oxide bead with a hydrophobic polynorbornene film. 

The successful immobilization of the biohybrid catalyst and formation of the polymer film 

were confirmed using fluorescence microscopy. A red fluorescent signal was detected after 

staining the biohybrid catalyst-coated iron oxide particles with Alexa Fluor 647-conjugated 

streptavidin, which specifically binds to the Strep-tag on the LCI peptide (Figure 53, left). 

Additionally, the formation of the polymer film on the Fe₃O₄ surface was validated by 

incorporating a thiol-containing monomer (Nor-SH, Figure 53, right) during polymerization. 

This was followed by labeling with the ThioGlo-1 dye, which reacts with thiol groups via a 

maleimide reaction, producing a green fluorescent signal. 

 

Figure 53. Microscope images demonstrating the decoration of iron oxide nanoparticles with biohybrid catalyst GH-

C3@LCI_F16C (left) and with generated polymer film (right). The red fluorescence confirms the binding of LCI on SPION 

surface via interaction between the strep tag and streptavidin dye. The green fluorescence confirms the polymerization via the 

monomer with a free thiol group. 



89 

 

TGA revealed a clear and progressive increase in mass loss with each modification step (Figure 

54). The initial mass loss of 6.5% observed for bare Fe₃O₄ rose to 16.3% after functionalization 

with the GH-C3@LCI_F16C biohybrid catalyst. Upon polymer film coating, the total mass 

loss further increased to 47.1%. The derivative thermogravimetric (DTG) curves displayed 

distinct peaks, each corresponding to a specific component introduced during the 

functionalization process, thereby confirming the successful incorporation of organic 

compounds onto the SPION surface. Collectively, these findings validate the efficient 

immobilization of the biohybrid catalyst and the subsequent formation of a polymeric layer.  

 

Figure 54. TGA measurements of bare iron oxide (blue), GH-C3@LCI_F16C@iron oxide (orange), and film-coated 

iron oxide (red). The stepwise mass loss and more peaks showing in the derivative curve indicate the successful peptide 

decoration and film formation. 

XPS was used to analyze the surface chemical composition of the samples (Figure 55). As 

expected, the spectrum of bare Fe₃O₄ primarily showed signals for iron (Fe) and oxygen (O). 

A carbon (C) signal was also present, likely introduced during the nanoparticle synthesis 

process. Upon immobilization of the GH-C3@LCI_F16C biohybrid catalyst, a distinct 

nitrogen (N 1s) peak appeared, confirming the successful attachment of the LCI peptide to the 

iron oxide surface. In the case of the film-coated Fe₃O₄, a significant increase in the carbon (C 

1s) peak was observed compared to the uncoated sample, indicating the successful formation 

of the polymer film. Together, these results confirm both the effective decoration of the 

biohybrid catalyst and the subsequent deposition of the hydrophobic polymer coating on the 

iron oxide surface.  
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Figure 55. XPS spectra of bare iron oxide (top), GH-C3@LCI_F16C@iron oxide (middle), and film-coated iron oxide 

(bottom). The appearance of N 1s indicates the successful peptide decoration. The increase of the C 1s signal demonstrates 

the outer film formation. 

FTIR was used to further investigate the surface modifications of iron oxide (Figure 56). For 

GH-C3@LCI_F16C@Fe₃O₄, new absorption peaks appeared at 1248, 1539, and 1643 cm⁻¹, 

corresponding to the amide III, II, and I bands, respectively. These signals confirmed the 

successful attachment of the peptide to the nanoparticle surface. Additionally, weak peaks at 

2909 and 2982 cm⁻¹ were observed, which can be attributed to C–H stretching vibrations from 

the aliphatic side chains of the peptide. In the case of the film-coated Fe₃O₄, strong peaks at 

2848 and 2915 cm⁻¹ were detected, indicating the presence of long C₁₈ hydrocarbon chains 

from the monomer. A distinct peak at 1697 cm⁻¹ was also present, corresponding to the C=O 

stretching of the monomer backbone. These spectral features collectively verified the 

successful attachment of the biohybrid catalyst and formation of a hydrophobic polymer film 

surrounding the Fe₃O₄ nanoparticles. 
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Figure 56. FTIR spectra of bare iron oxide (blue), GH-C3@LCI_F16C@iron oxide (orange), and film-coated iron oxide 

(red). The amide bands and C-H stretch signals represent peptide presence. The C=O stretch is from the monomer structure, 

indicating the film formation. 

The polymer film (poly-Nor-C18), generated through ROMP of Nor-C18, was analyzed using 

¹H NMR spectroscopy (Figure 57). The spectrum displayed characteristic olefinic proton 

signals in the range of 5.4 to 5.7 ppm, confirming successful polymer formation. 

 

Figure 57. 1H NMR spectrum of the film formed after ROMP of Nor-C18 (400 MHz, CD2Cl2, 298 K). 
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Vibrating sample magnetometry (VSM) analysis revealed that the magnetic properties of the 

iron oxide remained unaffected by the decoration of the polymer film (Figure 58). The iron 

oxide nanoparticles retained their superparamagnetic behavior, exhibiting a magnetic moment 

exceeding 40 emu/g. 

 

Figure 58. Magnetization of bare Fe3O4 (blue) and film-coated Fe3O4 (red) through a vibrating sample magnetometer. 

The nanocoating of the thin film doesn’t affect the superparamagnetic properties of SPIONs. 

SEM images revealed that the iron oxide nanoparticles aggregated into secondary structures 

with an average size of around 500 nm (Figure 59). After polymer film decoration, these 

aggregates displayed a noticeably smoother surface morphology compared to the bare iron 

oxide particles. 

 

Figure 59. SEM images of bare iron oxide (A) and film-coated iron oxide (B) nanoparticles. The film formation makes 

the surface smoother, compared with the bare iron oxide. 

The characterization results collectively verify the successful functionalization of iron oxide 

beads with the biohybrid catalyst GH@LCI_F16C, along with the formation of the 

polynorbornene outer film. This decorated system will be utilized in the subsequent 

experiments for NPs capture from water and the degradation of SBR NPs. 
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3.2.3 Evaluation of NPs enrichment performance by “Hooked for Decay” system in a 200 µL-

scale reaction 

Enrichment experiments were conducted using 500 nm PS-COOH NPs in a reaction volume 

of 200 µL to assess the performance of the film-coated iron oxide beads. As illustrated in Figure 

60, a six-step workflow was developed to evaluate the enrichment efficiency of the platform, 

incorporating an absorbance-based method to quantify nanoparticle capture. In the first step, 

iron oxide beads were functionalized with the GH-C3@LCI_F16C biohybrid catalyst in Tris 

buffer (50 mM, pH 8). In the second step, the decorated beads were washed with water and 

subsequently incubated with the norbornene monomer dissolved in methanol. In the third step, 

another washing step with water was performed to remove excess monomer. In step four, the 

film-coated beads were incubated with PS-COOH500 nm NPs in the presence of NaCl to facilitate 

enrichment. During step five, magnetic separation was applied to isolate the bead–NP 

complexes. Finally, in step six, the supernatant containing the non-captured PS-COOH500 nm 

NPs was collected, and its absorbance was measured to determine the efficiency of NPs 

capture.

 

Figure 60. Scheme of the six-step workflow developed for assessing the enrichment performance of the "Hooked for 

Decay" platform on a 200 µL scale. In Step 1, SPIONs were decorated with GH-C3@LCI_F16C in 50 mM Tris, pH 8; in 

Step 2, the coated beads were washed with water, followed by mixing with monomer dissolved in methanol; in Step 3, the 

further coated beads were washed again with water; in Step 4, the coated beads were mixed with NPs in the presence of NaCl; 

in Step 5, beads-NPs complex was extracted by a magnet; and in Step 6, the supernatant containing non-captured NPs was 

taken for absorbance measurement. 

Prior to conducting the enrichment of PS NPs, the optimal concentration of the biohybrid 

catalyst GH@LCI_F16C for decorating iron oxide beads was determined using fluorescence-

based analysis. A range of LCI_F16C peptide concentrations (post-DTT reduction) was 

incubated with bare iron oxide beads under shaking conditions (1200 rpm for 1 minute). After 

incubation, the supernatant from each sample containing unbound peptide was collected and 

reacted with ThioGlo-1 dye. This dye specifically binds to free thiol groups present on 

LCI_F16C, resulting in a fluorescent signal. Fluorescence intensity was then measured to 

quantify the amount of peptide that bound to the bead surface. 
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A calibration curve for LCI_F16C concentration versus fluorescence was established using the 

equation y = 10915.2x – 191.2 (R² = 0.9994), which was valid for peptide concentrations 

between 2 µM and 10 µM (Figure 61). Based on these measurements, it was determined that a 

concentration of 3 µM LCI_F16C was sufficient to achieve saturated binding to 0.075 g/L of 

Fe₃O₄ nanoparticles. 

 

Figure 61. Standard curve of LCI_F16C protein concentration. 

As described in the workflow, an absorbance-based method was developed to quantify PS NPs. 

To establish this method, various concentrations of PS-COOH500 nm NPs were analyzed across 

the full UV spectrum. The goal was to identify the wavelength that offered the most reliable 

linear relationship within the expected concentration range. 

For PS-COOH500 nm NPs, 460 nm was determined to be the optimal wavelength for 

measurement. At this wavelength, the absorbance data produced a calibration curve with the 

equation y = 5.4455x + 0.0041 and an excellent correlation coefficient (R² = 0.9998, Figure 

62). This calibration curve was then applied to quantify PS NPs during the 200 µL enrichment 

experiments and to calculate NPs recoveries. 
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Figure 62. Standard curve of PS-COOH500 nm at OD460 measured by UV absorbance measurement. 

To fine-tune the ROMP reaction conditions for effective outer film formation, key variables, 

including monomer concentration, polymerization duration, and the linker length between the 

GH-cofactor and the LCI_F16C peptide, were systematically assessed. Each condition was 

evaluated based on its impact on NPs enrichment performance.  

The optimization experiments were conducted using 0.075 g/L iron oxide beads decorated with 

the biohybrid catalyst GH-C3@LCI_F16C and 0.2 g/L PS-COOH500 nm NPs, in the presence of 

100 mM NaCl with a 30s shaking period. As illustrated in Figure 63, the optimal condition was 

identified as a monomer concentration of 500 µM with a polymerization time of five minutes, 

which yielded the highest NPs adsorption capacity. With a shorter reaction time, the polymer 

film is not formed completely to cover the Fe3O4 nanoparticles, leading to inefficient 

adsorption. If the reaction time is too long, the Fe3O4 nanoparticles will aggregate, leading to 

less adsorption capacity. 
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Figure 63. Adsorption capacity of PS-COOH500 nm NPs at increasing monomer concentration and polymerization time. 

With a short polymerization time, the formed film is not intact, leading to poor enrichment efficiency. With a long 

polymerization time, the film-coated beads form aggregation, resulting in decreased adsorption. 

Figure 64 demonstrates that the biohybrid catalyst GH-C3@LCI_F16C, which incorporates 

the shortest linker, exhibits superior enrichment performance compared to the variants with 

longer linkers, GH-C5 and GH-C10. This improved performance is likely due to the positioning 

of the ruthenium center in closer proximity to the surface of LCI_F16C, which optimizes the 

interaction between the catalyst and its surrounding environment. 

 

Figure 64. Adsorption capacity of PS-COOH500 nm NPs at increasing linker length between the GH-cofactor and 

LCI_F16C peptide. With a short linker, the GH-cofactor center is closer to the protein surface, optimizing the interaction 

between the metal and the surrounding environment. 
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Using the optimized conditions for outer film formation, the film-coated iron oxide beads 

achieved a 99% recovery rate for PS-COOH500 nm NPs. In comparison, unmodified iron oxide 

beads captured only 3% of the NPs (Figure 65). This stark contrast confirms that the polymer 

outer film significantly enhances the NPs capture efficiency. 

 

Figure 65. Recovery of bare and film-coated iron oxide beads (75 mg/L) for 0.1 g/L PS-COOH500 nm NPs at 100 mM 

NaCl. The formed hydrophobic film around the SPIONs significantly enhances the NPs' adsorption. 

Scanning electron microscopy (SEM) provided visual confirmation of agglomerate formation, 

indicating that the PS-COOH500 nm NPs were successfully captured by the film-coated Fe₃O₄ 

beads (Figure 66). 

 

Figure 66. SEM images of PS-COOH500 nm NPs captured by film-coated iron oxide beads.  
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To demonstrate the broad applicability of the film-coated Fe₃O₄ beads, five additional types of 

NPs were introduced into deionized water. These included commercially available PMMA 

NPs, as well as PP, PE, and SBR NPs synthesized via an emulsification–solvent evaporation 

method, and PET NPs prepared through nanoprecipitation. Additionally, PS NPs were spiked 

into four different environmental water samples, including wastewater, river, lake, and 

seawater. Upon treatment with the film-coated Fe₃O₄ and 10 minutes of shaking, all NP 

suspensions became visually clear after magnetic extraction, as shown in Figures 67 and 68. 

This observation confirms the effective magnetic capture and removal capability of the system, 

highlighting the versatile potential of the “Hooked for Decay” platform across diverse plastic 

nanoparticle types. 

 

Figure 67. Visualization of 0.2 g/L of dispersed PP, PS, PE, PET, PMMA, and SBR NPs (SEM images, top) before 

(bottom left) and after magnetic extraction (bottom right) by employing film-coated iron oxide beads. The film-coated 

SPIONs can be applied to various types of NPs enrichment.  

 

Figure 68. Visualization of 0.2 g/L of dispersed PS NPs in wastewater, river, lake, and sea before (left) and after 

magnetic extraction (right) by employing film-coated iron oxide beads. The film-coated SPIONs can be applied to various 

environmental matrices for NPs enrichment. 

3.2.4 Investigation of NPs adsorption by “Hooked for Decay” system under the salting-out effect 

The influence of NaCl on the adsorption behavior of PS NPs was assessed by varying salt 

concentrations in the “Hooked for Decay” enrichment system. This evaluation aimed to clarify 

how ionic strength affects both adsorption kinetics and isotherms. At higher NaCl 

concentrations, the interactions between water and both the film-coated Fe₃O₄ beads and PS 

NPs are reduced, promoting hydrophobic interactions as the dominant driving force for NPs 

binding.188 
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Kinetic studies demonstrated that 0.2 g/L of PS-COOH500 nm NPs were rapidly captured by 

0.075 g/L of film-coated Fe₃O₄ in the presence of 100 mM NaCl, with the system reaching 

adsorption saturation within 10 minutes (Figure 69). The data aligned closely with the pseudo-

second-order kinetic model, showing an R² value greater than 0.99, suggesting that the process 

is largely controlled by the number of available binding sites.180 In comparison, the pseudo-

first-order model showed a slightly lower fit, with an R² of approximately 0.985 (Table 8). 

The adsorption rate constant (𝑘₂) was found to increase markedly with higher salt 

concentrations, rising from 0.39 ± 0.02 g/(g·min) at 100 mM NaCl to 0.67 ± 0.05 g/(g·min) at 

200 mM, indicating that salt significantly enhances adsorption kinetics. Meanwhile, the 

equilibrium adsorption capacity (qₑ) remained relatively stable under varying salt 

concentrations, with values of 2.10 ± 0.03 g/g, 2.12 ± 0.03 g/g, and 2.19 ± 0.03 g/g at 100, 150, 

and 200 mM NaCl, respectively. 

 

Figure 69. Adsorption kinetics to determine enrichment of PS-COOH500 nm NPs at varied salt concentrations fitted with 

a pseudo-second-order model. With higher NaCl concentration, the reaction becomes faster and reaches the maximum 

adsorption within 10 min of shaking. 

Table 8. Parameters of the adsorption kinetics equation of film-coated Fe3O4 against PS-COOH500 nm NPs at different 

NaCl concentrations. 

 Pseudo-first-order model Pseudo-second-order model 

NaCl concentration qe (g/g) k1 (min-1) R2 qe (g/g) k2 (g/(g·min)) R2 

100 mM 1.84 0.65 0.9917 2.10 0.39 0.9979 

150 mM 1.90 0.85 0.9855 2.12 0.54 0.9977 

200 mM 1.99 1.02 0.9803 2.19 0.67 0.9970 
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Isotherm studies were also carried out to analyze the adsorption behavior, with the data fitted 

to both the Langmuir and the Freundlich models.181 The results showed a strong correlation 

with the Langmuir model, with R² values exceeding 0.99, suggesting that the adsorption occurs 

as a monolayer on a homogeneous surface (Figure 70 and Table 9). In contrast, the Freundlich 

model showed a poorer fit, with R² values below 0.92. 

The maximum adsorption capacity (qₘ), as determined from the Langmuir model, increased 

with rising NaCl concentrations, reaching 5.53 ± 0.29 g/g at 200 mM NaCl. This capacity 

significantly exceeds those of many previously reported systems, including SPIONs-PAC18,105 

which achieved 0.69 g/g for PS NPs, and iron oxide nanoflowers,218 which showed 1 g/g for 

PE MPs. 

 

Figure 70. Adsorption isotherms to determine enrichment of PS-COOH500 nm NPs at varied salt concentrations fitted 

with a Langmuir model. Adsorption capacity reaches 5.53 g/g for PS NPs. 

Table 9. Parameters of the adsorption isotherm equation of film-coated Fe3O4 against PS-COOH500 nm at different NaCl 

concentrations. 

 Freundlich model Langmuir model 

NaCl concentration 1/n KF (L/g) R2 qm (g/g) KL (L/g) R2 

100 mM 0.22 4.04 0.9242 4.60 6.25 0.9992 

150 mM 0.27 4.38 0.9279 5.21 4.62 0.9988 

200 mM 0.28 4.62 0.8942 5.53 4.50 0.9980 

To further evaluate the salt effect hypothesis, enrichment experiments were performed using 

100 mM solutions of various monovalent cations, with a reaction time of 30 seconds. The film-
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coated iron oxide beads exhibited different adsorption capacities toward PS-COOH500 nm NPs 

depending on the cation present. The observed trend in adsorption followed the sequence: NH₄⁺ 

> K⁺ > Rb⁺ > Cs⁺ > Na⁺ > Li⁺ (Figure 71). This order is consistent with the Hofmeister series 

and highlights the influence of cation-induced salting-out effects on NPs adsorption. 

 

Figure 71. Adsorption capacity of PS-COOH500 nm NPs by employing film-coated iron oxide in the presence of 100 mM 

monovalent cations during a 30-s shaking period. The enrichment performance follows the Hofmeister series. 

The use of high salt concentrations extends the applicability of the “Hooked for Decay” system 

to a wide range of water samples by promoting hydrophobic interactions as the dominant force 

driving NPs binding to the film-coated Fe₃O₄ beads. 

3.2.5 SBR degradation 

The previous results highlight the “Hooked” capability of the film-coated iron oxide beads in 

capturing NPs, and the “Decay” function is demonstrated by the following data. After the 

enrichment step, the SBR NPs were further degraded through ethenolysis, catalyzed by the 

embedded biohybrid catalyst (GH-C3@LCI_F16C), which targets the polymer’s internal C=C 

bonds (Figure 72). In this step, microaggregates formed from the enriched SBR NPs on film-

coated Fe₃O₄ beads were directly transferred into an organic solvent mixture (p-xylene/THF, 

1:1) to dissolve the SBR material. As both the SBR NPs and the polynorbornene film dissolve, 

the embedded biohybrid catalyst becomes exposed, enabling it to interact with the SBR 

polymer as its substrate. 
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Figure 72. Enrichment of SBR nanoparticles using film-coated Fe3O4 beads with subsequent ethenolysis reaction 

catalyzed by GH-C3@LCI_F16C to break down the internal C=C bonds.  

The degradation reaction was carried out in a sealed stainless-steel reactor charged with 

ethylene gas. To maintain a sufficient ethylene concentration at the reaction temperature of 

80 °C, the initial pressure was set to 25 bars. The ethylene pressure was tracked over a 12-hour 

period, during which a slight decline was observed, indicating that ethylene was being 

consumed during the reaction (Figure 73). 

 

Figure 73. Pressure monitoring during the ethenolysis process. The decrease in ethylene pressure indicates the breaking of 

internal C=C bonds in SBR. 
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Following the ethenolysis reaction, the biohybrid catalyst immobilized on iron oxide beads was 

easily separated from the reaction mixture using an external magnetic field. The resulting 

degradation products were then analyzed and quantified using 1H NMR spectroscopy (Figure 

74). In comparison to the untreated SBR polymer, new signals appeared in the 4.9–4.5 ppm 

region, corresponding to the protons of terminal C=C bonds, confirming the formation of 

degraded SBR fragments. Based on the 1H NMR spectra, the degradation efficiency of SBR 

NPs was determined to be between 4.1% and 6.5%, depending on the catalyst loading (0.1 and 

0.2 mol%, respectively), relative to the 1,4-butadiene units. The biohybrid catalyst maintained 

its catalytic activity during the ethenolysis process, likely due to the protective effect of the 

hydrophobic polymer film surrounding the GH-cofactors (GH-C3), which helps shield it from 

potentially deactivating salt ions. These findings highlight the stability and dual catalytic 

functionality of the GH-C3@LCI_F16C system in both NPs enrichment ("Hook") and 

degradation ("Decay"). 

 

Figure 74. 1H NMR spectra of SBR polymer before (top) and after (bottom) ethenolysis. The appearance of the terminal 

C=C bond signal indicates the breaking of the internal C=C bond in SBR. 

In summary, the bifunctional “Hooked for Decay” biohybrid catalyst (GH-C3@LCI_F16C), 

consisting of a Grubbs-Hoveyda cofactor and a material-binding peptide variant of LCI, proved 

highly effective for capturing and removing various hydrophobic NPs, including PP, PE, PS, 

PET, PMMA, and SBR. The hydrophobic polynorbornene-coated Fe₃O₄ beads enabled rapid 

adsorption of PS NPs within just 10 minutes of shaking and demonstrated a high adsorption 
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capacity of 5.53 ± 0.29 g/g for PS-COOH500 nm NPs, outperforming previously reported Fe₃O₄-

based materials. Notably, up to 99% recovery of NPs was achieved in the presence of 100 mM 

NaCl, where hydrophobic interactions became the dominant mechanism for binding, thus 

supporting the system's broad applicability across diverse aqueous environments. The Grubbs-

Hoveyda cofactor exhibited dual functionality, contributing both to the formation of the 

polymer coating and the ethenolysis-driven degradation of SBR NPs, with a degradation 

efficiency of up to 6.5%. These findings illustrate the potential of this platform not only for the 

effective removal but also the chemical breakdown of synthetic rubber-based MP/NPs. Overall, 

the film-coated Fe₃O₄ beads present an innovative approach for eliminating hydrophobic NP 

pollutants from water. We propose that the vast diversity of available monomers and material-

binding peptides offers a versatile and powerful technological foundation to address pressing 

environmental and human health challenges related to plastic pollution. 

3.3 MP/NPs detection and quantification in human kidneys 

MP/NPs are used in a wide variety of products, such as food packaging, cosmetic containers, 

and water supply systems. These particles have been detected in numerous environmental and 

consumer sources, including drinking water, a broad spectrum of food items, cosmetic 

products, and even the air.18, 24, 219, 220 Inhalation exposure is particularly concerning, as 

MP/NPs can bind to fine particulate matter (PM2.5) and be carried over long distances through 

atmosphere.15 Given their pervasive presence, MP/NPs can easily enter the human body 

through ingestion, inhalation, or even dermal contact. This widespread exposure raises 

increasing concern about their potential health impacts.221 

MPs, with an average concentration of approximately 1.6 μg/mL, have been detected in human 

blood using Py-GC/MS. In theory, once present in the bloodstream, MPs can circulate 

throughout the body via the cardiovascular system, potentially reaching and accumulating in 

various tissues and organs. Recent studies have confirmed the presence of MPs in the carotid 

arteries,32, 33 brains,30 kidneys,30 bones,34 and eyes.35 Although the detection and quantification 

of MPs in kidney tissue have been achieved, there remains a lack of research exploring the 

relationship between MP/NP levels and kidney function. In this study, we addressed this gap 

by analyzing kidney samples from three groups with different eGFR values using Py-GC/MS 

to assess MP/NP content. In addition, we employed plastibody-based staining to visualize the 

MP/NPs within the kidney tissues. 

3.3.1 MP/NPs detection and quantification by Py-GC/MS 
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As described earlier, prior to conducting Py-GC/MS analysis on the kidney samples, specific 

indicator ions for each target plastic type were selected based on previous identifications and 

established literature.18, 19, 69, 73, 193 Since the peptide had no influence in this case, the chosen 

markers differ slightly from those used in the earlier section. 

A summary of the pyrolysis markers selected for each polymer is provided in Table 10. For 

PMMA, PS, nylon 6, and nylon 66, the indicator compounds and their corresponding ions 

remained the same as previously reported: methyl methacrylate (m/z 100) for PMMA, styrene 

trimer (m/z 91) for PS, N-(5-cyanopentyl)hex-5-enamide (m/z 154) for nylon 6, and 

cyclopentanone (m/z 84) for nylon 66. In the case of PE, 1,20-heneicosadiene (C21, m/z 83) 

was selected due to its high specificity and sensitivity. For PP, the most suitable marker was 

identified as 2,4-dimethyl-1-heptene (m/z 83). PET was quantified using vinyl benzoate (m/z 

105) as the indicator ion. PVC was also included for analysis, with naphthalene (m/z 128) 

chosen as its representative marker. 

All selected indicator ions exhibited strong linearity in calibration curves within the range of 

0.5–2.5 mg SiO₂ complex per cup, with correlation coefficients close to 0.99, demonstrating 

the robustness of the quantification method. The calculated LODs, based on laboratory and 

procedural blanks, were as follows: 0.134 µg/L for PE, 0.116 µg/L for PP, 0.002 µg/L for PS, 

0.036 µg/L for PET, 0.025 µg/L for PMMA, 0.017 µg/L for PVC, 0.003 µg/L for nylon 6, and 

0.027 µg/L for nylon 66. These low detection limits confirm the method's capability to reliably 

quantify nanoplastic mass concentrations in kidney samples. Importantly, the LOD values are 

in good agreement with those reported in previous studies on MP/NPs detection in human 

tissues.32, 33 
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Table 10. Characteristic components and calibration functions of the eight analyzed nanoplastic polymer types. 

Polyme

r 

Indicator 

compound 

Indicato

r ions 

(m/z) 

Calibration functions Linearit

y (R2) 

LOD 

(ng) 

LOQ 

(ng) 

PE 1,20-

Heneicosadien

e (C21) 

83 y=12344.728x-

4159.106 

0.997 134.2

6 

447.5

3 

PP 2,4,6-

Dimethyl-1-

heptene 

83 y=37492.853x-7141.98 0.984 115.6

5 

385.5

0 

PS Styrene trimer 91 y=878400.878x-

5957.764 

0.988 2.48 8.27 

PET Vinyl benzoate 105 y=33381.936x+6562.7

67 

0.995 36.15 120.5

0 

PMMA Methyl 

methacrylate 

100 y=74196.662x-

6447.105 

0.999 25.01 83.38 

PVC Naphthalene 128 y=60136.721x+9332.3

86 

0.993 16.78 55.93 

Nylon 6 N-(5-

cyanopentyl)he

x-5-enamide 

154 y=145422.536x+4788.

591 

0.994 2.75 9.17 

Nylon 

66 

Cyclopentanon

e 

84 y=21086.104x+17.163 0.995 26.85 89.50 

A total of 139 patients were categorized into three groups according to their eGFRs: 

<59 mL/min, 60–89 mL/min, and >90 mL/min. These ranges represent varying degrees of 

kidney function, with higher eGFR values indicating better renal performance. This 

classification was used to investigate the relationship between MP/NP concentrations and 

kidney function. 

The concentration of MP/NPs in each kidney sample was determined by normalizing the 

detected MP/NP mass to the sample weight. As illustrated in Figure 75, MP/NPs were present 

in all analyzed kidney samples. Patients with an eGFR below 59 mL/min exhibited the highest 

MP/NP burden, averaging 49.3 ± 39.3 µg/mg. In the 60–89 mL/min group, the average 

concentration was 31.2 ± 23.7 µg/mg, while those with eGFR above 90 mL/min showed the 



107 

 

lowest levels, at 12.1 ± 6.2 µg/mg. Statistically significant differences were observed between 

adjacent eGFR groups (P < 0.01) and between the lowest and highest eGFR groups (P < 0.001). 

These findings indicate a strong inverse correlation between MP/NP accumulation and kidney 

function, suggesting that higher MP/NP exposure may be associated with impaired renal 

performance. Notably, the concentrations detected in kidney tissue were substantially higher 

than those previously reported in other human samples, including three types of human arteries 

(such as coronary artery, carotid artery, and aorta; 118.66 ± 53.87 µg/g),32 carotid artery 

plaques (e.g., 21.7 ± 53.87 µg/mg for PE),33 and blood (1.6 ± 2.3 µg/mL),39 all quantified via 

Py-GC/MS. This elevated accumulation in the kidney was likely due to its role as a biological 

filtration organ, resulting in the retention and buildup of plastic particles over time. 

 

Figure 75. MP/NPs concentration in human kidneys. The kidney samples were divided into three groups, categorized by 

GFR values. The group of lower eGFR shows higher MP/NPs amounts.  

Linear regression analysis was conducted to assess the relationship between MP/NP burden 

and eGFR values across the 139 patient samples (Figure 76). The results revealed a statistically 

significant inverse correlation: as eGFR increased, the amounts of detected MP/NPs decreased. 

This relationship was supported by a p-value of 0.003326, indicating a meaningful association 

between reduced MP/NP accumulation and better kidney function. 



108 

 

 

Figure 76. Linear regression model between total MP/NPs amounts and eGFR. MP/NPs amounts correlate well to the 

eGFR values, indicating MP/NPs might cause kidney dysfunction. 

As illustrated in Figure 77, eight different types of MP/NPs were identified in the kidney 

samples. Among these, PE was the most prevalent, accounting for 38–68% of the total MP/NP 

content, followed by PP at 10–27%, nylon 66 at 11–18%, and nylon 6 at 5–7%. Prior study 

investigating MPs in kidneys and carotid artery plaques also reported PE as the most abundant 

polymer, aligning with the findings from our study and suggesting that PE may be the most 

dominant MP type in human organs.30, 33 However, current studies detected only nylon 66, PE, 

PET, and PVC in arterial samples, while PP, nylon 6, PMMA, and PS, found in kidney tissue, 

were absent.32, 33 This discrepancy could be attributed to individual variations in MP/NP 

exposure sources and patterns, as well as the kidney’s role as a filtration organ, which may 

promote greater accumulation of diverse MP/NP types compared to other tissues. 

 

Figure 77. Polymer types in three groups of kidney samples. Eight types of MP/NPs are identified in the kidney samples, 

with PE, PP, and Nylon 66 as the most dominant plastic types.  
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Previous studies have already reported an association between the presence of MP/NPs in 

carotid artery plaques and the incidence of cardiovascular disease.33 In addition to those 

findings, our study revealed a correlation between the quantity of MP/NPs and kidney function. 

However, it is important to note that these observed relationships are correlational and do not 

establish a direct causal link. 

3.3.2 MPs detection by Plastibody 

As demonstrated in the previous section through Py-GC/MS analysis, eight types of MP/NPs 

were identified and quantified in human kidney tissues. To visualize these plastic particles 

within the tissue, specific fluorescent staining is required. While Nile red is commonly used 

for staining plastics, it also binds to cellular lipids, resulting in high background fluorescence 

and reduced specificity.222 

To overcome this limitation, we employed the "plastibody",58 a material-binding peptide-based 

probe specifically developed for plastic staining, to label MP/NPs in kidney samples. In 

parallel, DAPI staining was used to label cell nuclei, providing structural context and aiding in 

the identification of kidney features such as glomeruli and tubules. As shown in Figure 78, 

MP/NPs labeled by the plastibody appear red under fluorescence microscopy and are notably 

concentrated in the glomerular region. While this suggests accumulation of MP/NPs in specific 

kidney structures, further validation of the plastibody's specificity for MP/NPs is necessary. 

Based on current knowledge, the red fluorescence observed is unlikely to originate from kidney 

stones, as it is commonly seen within the tubules where kidney stones typically form.    

 

Figure 78. Fluorescence images showing the Plastibody and DAPI-stained human kidney. MP/NPs in kidney tissue are 

dyed by the Plastibody and show red fluorescence, but the results require further confirmation by other techniques. 

In this study, we successfully detected and quantified MP/NPs in human kidney tissue using 

Py-GC/MS. Additionally, these particles were visualized within the kidney using plastibody-

based fluorescent staining. A correlation was observed between the levels of MP/NPs in kidney 
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samples and kidney function, suggesting a potential link. However, further research is 

necessary to determine whether MP/NPs play a causal role in the development or progression 

of kidney disease.  
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4 Lessons learned from MBP-assisted enrichment, detection, and 

quantification of MP/NPs 

In a circular polymer economy, all polymeric materials are expected to be either biodegradable 

or recyclable.3 As a result, a strong increase in the release of MP/NPs into the environment can 

be expected. Detecting and quantifying these small particles in high throughput, particularly 

those under 5 mm, remains a significant analytical challenge, as recognized by the EU 

Commission, and hampers the development of effective regulatory policies.52, 53 MP/NPs are 

widespread in aquatic ecosystems and often present at low concentrations, making their 

detection and analysis particularly difficult. The latter is urgent due to the rapid circular 

polymer economy development, which underscores the need for efficient enrichment methods 

and sensitive analytical tools to assess both environmental contamination and potential health 

risks. 

Accordingly, this thesis addresses these challenges by developing and applying MP/NP-

enrichment platforms based on MBP-capture, termed MagNanoTrap and Hooked for Decay. 

When combined with Py-GC/MS, MagNanoTrap, in particular, enables reliable detection and 

quantification of MP/NPs, even in complex environmental water matrices at environmental 

concentrations. Furthermore, this analytic methodology was successfully extended to 

biological samples, providing first insights into possible correlations between MP/NP 

accumulation and human health effects.  

In the MagNanoTrap system, the peptide LCI was selected due to its strong affinity for iron 

oxide (Fe₃O₄) surfaces.  LCI decoration of iron oxide nanoparticles introduces desired 

chemicals or physical functionalities.54 In the MagNanoTrap application, LCI was fused with 

the plastic-binding peptide MBP1 through a rigid linker, known as Domain Z, to generate a 

custom-designed bifunctional peptide. Domain Z is composed of three parallel alpha helices, 

providing a symmetrical and spatially separated display of both peptides, which ensures that 

each retains its independent functionality.223 MBP1 is a 33-amino acid peptide enriched with 

arginine, which accounts for roughly one-third of its sequence.147 Previous studies in MBP 

engineering have demonstrated that positively charged residues, particularly arginine and 

lysine, play a key role in enhancing binding strength to plastic surfaces like PP,148 PET,142 and 

polyamides.142 Therefore, the high abundance of these residues in MBP1 is expected to underlie 

its strong and broad-spectrum binding capability, making it a valuable component for the 

development of versatile platforms for capturing plastic particles. 
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MBP-based binding occurs rapidly, typically within minutes, under ambient aqueous 

conditions and remains effective even after exposure to high temperatures (e.g., 60 °C), making 

the system user-friendly and efficient.132, 142 The detergent-resistant nature of the binding 

allows it to function even in the presence of residual H₂O₂, which is commonly used to oxidize 

and eliminate organic contaminants in environmental water.19, 69 This makes the system well-

suited for direct enrichment after such pretreatment steps that remove biofilms without 

requiring additional cleanup. 

Kinetic and isothermal adsorption studies showed that the enrichment process follows the 

Hofmeister series, indicating that the primary mechanism is a salting-out-induced hydrophobic 

interaction effect. Salt ions interfere with water’s interactions with charged groups on both the 

MagNanoTrap and the plastic particles, reducing the hydration shell and exposing hydrophobic 

regions.190 As a result, increasing salt concentrations accelerate and enhance MP/NP capture. 

This salting-out makes the system highly applicable to most environmental water bodies, 

including rivers, lakes, seawater, and wastewater, since salt can be easily supplemented to any 

sample. 

Py-GC/MS results confirmed that the MBP peptides bound to the plastic particles after 

enrichment do not interfere with the identification of plastic-specific indicator ions. This 

ensures the reliable and versatile quantification of a wide range of plastics. Although one liter 

of environmental water is typically used for enrichment, the system is sensitive enough to 

detect key plastics like PE and PS from volumes as small as 50 mL, with detection limits of 58 

ng and 60 ng, respectively. In treated wastewater, even after ultrafiltration, residual NPs smaller 

than the membrane pore size were still detected at concentrations of 1.35 µg/L. These smaller 

particles pose greater risks due to their higher surface-to-volume ratios, which make them more 

prone to adsorbing toxic substances.27 Furthermore, such NPs may be small enough to cross 

biological barriers, including the blood-brain barrier, highlighting their potential health risks.37, 

38 This thesis also showed that lakes with higher levels of human activity, for example, water 

retrieved from a park lake, contained significantly more MP/NPs than those with minimal 

human interference, as shown in the plastics quantification of the lake from a natural reservoir, 

underlining the impact of anthropogenic activities on plastic pollution. Additionally, because 

iron oxide is acid-digestible, captured particles can be recovered and imaged using SEM. This 

compensates for the loss of size and shape information that typically occurs during pyrolysis 

in plastics analysis. 
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The MagNanoTrap enrichment system was successfully developed for the detection and 

quantification of NPs in environmental water samples. However, degradation of these particles  

could be an effective process to ensure environmental and human health. To address this, the 

Hooked and Decay platform was established, leveraging the dual functionality of the GH 

catalyst to both capture and disintegrate NPs. This system relies on ROMP reaction to generate 

a hydrophobic polymer film that attracts MP/NPs, while also enabling the degradation of SBR 

NPs through the ethenolysis process.  

Built on the same principle of iron oxide functionalization, the system employs a variant of the 

MBP LCI, termed LCI_F16C, which introduces a free thiol group for site-specific conjugation 

via click chemistry to maleimide-functionalized GH-cofactors. This design allows precise 

anchoring of catalytically active GH groups onto the SPION surface. These cofactors initiate 

ROMP using a water-insoluble norbornene derivative (Nor-C18) to form a robust hydrophobic 

polynorbornene shell. This outer layer enhances MP/NP capture via hydrophobic interactions. 

In contrast, a water-soluble monomer would yield a less stable polymer, compromising the 

particle-capturing ability of the coating. The enrichment performance is also influenced by the 

ROMP reaction time. Insufficient reaction time leads to incomplete polymer coating on Fe₃O₄ 

nanoparticles, resulting in poor adsorption. Conversely, prolonged reaction times can cause 

nanoparticle aggregation, which also diminishes adsorption capacity. Additionally, the linker 

connecting the GH-cofactor to LCI_F16C is crucial for catalytic efficiency. A shorter linker 

positions the metal catalyst closer to the surrounding amino acid residues, optimizing the 

microenvironment for the ROMP reaction and thereby enhancing polymer formation.224 The 

capture behavior of the hydrophobic shell parallels that of the MagNanoTrap system, showing 

similarly high adsorption capacity for PS NPs. The addition of salt ions further accelerates 

binding, and the observed enrichment trends align with the Hofmeister series, underscoring 

hydrophobic interactions as the primary driving force behind the adsorption mechanism. 

Importantly, the GH-cofactor retains its catalytic activity even after encapsulation, protected 

within the polymer shell. After capturing SBR NPs, exposure to organic solvents dissolves the 

film, enabling the cofactor to access internal carbon–carbon double bonds in the SBR polymer. 

In the presence of ethylene, this triggers selective ethenolysis, initiating polymer degradation. 

This demonstrates a promising strategy for not only capturing but also controllably breaking 

down persistent plastic pollutants. 

The potential impact of MP/NPs on kidney health (cooperation with Uniklinik RWTH 

Aachen) was investigated by examining their association with kidney dysfunction. To detect 
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and quantify MP/NPs in human kidney tissues, samples are first pretreated with 68% nitric acid 

to remove organic matter that could interfere with Py-GC/MS analysis.32, 182-184 A significant 

inverse correlation was observed between the kidney health, measured by eGFR, and the 

detected plastic amount. Patients with impaired kidney function (eGFR < 59) exhibited 

markedly higher MP/NP loads, with plastics comprising up to 10% of kidney tissue weight in 

some cases. These findings raise two possible scenarios: MP/NPs may contribute directly to 

kidney damage, or reduced filtration capacity in dysfunctional kidneys may lead to the 

accumulation of MP/NPs. To further investigate causality, additional analyses of 

inflammation-related gene expression are underway to determine whether MP/NP exposure is 

linked to molecular markers of kidney impairment. For visualization, a plastibody, comprising 

the plastic-binding peptide LCI conjugated with an Alexa Fluor dye, was used to stain MP/NPs 

in kidney sections.58 This targeted approach offers greater specificity than conventional dyes 

like Nile Red, which bind broadly to hydrophobic substances. While the plastibody method 

shows promise for selective imaging of plastic particles, further validation is needed to confirm 

that the observed fluorescence is exclusive to MP/NPs but not other hydrophobic residues. 

In conclusion, “Material-binding peptides empowering MP/NPs enrichment, detection, and 

quantification” presents a comprehensive and innovative approach to addressing the growing 

concerns surrounding MP/NPs pollution in both environmental and biological systems. By 

developing two distinct platforms, MagNanoTrap for effective NPs enrichment, detection, and 

quantification, and Hooked and Decay for NPs capture and degradation, this work not only 

advances analytical capabilities but also introduces practical tools for mitigating plastic 

contamination. The ability to capture and analyze trace amounts of MP/NPs in complex 

matrices such as environmental water and human tissue provides critical insights into pollution 

levels and potential health impacts, particularly concerning kidney function. Moreover, the 

modular design of the peptide-based enrichment and catalytic systems allows for adaptation 

across various types of plastic pollutants and sample conditions. As such, these platforms hold 

significant potential for broader environmental monitoring, public health research, and the 

development of next-generation remediation strategies. Ultimately, the findings of this thesis 

contribute valuable knowledge and methodologies to support regulatory efforts, guide policy 

decisions, and promote sustainable practices in a circular polymer economy.  
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5 Summary and conclusions 

Managing MP/NP contamination in aquatic environments is important, as the degradation of 

synthetic polymers within a circular polymer economy inevitably leads to the formation and 

widespread release of MP/NPs.3 The European Commission has identified the analytical gap 

as a major obstacle to regulating MP/NP contamination, highlighting the urgent need for robust 

and universal enrichment and monitoring platforms.52, 53 

The MagNanoTrap, a biofunctionalized magnetic nanoparticle system based on SPIONs 

functionalized with a bifunctional peptide (LCI-DZ-MBP1), contributes to these aspects by 

enabling efficient enrichment of diverse NPs. When coupled with Py-GC/MS, it allows reliable 

detection and quantification of NPs in environmental samples with volumes of only 1 liter. In 

detail, peptide LCI binds SPIONs, while peptide MBP1 targets major plastic types, including 

PP, PE, PS, and PET. In spiked microliter-scale assays, MagNanoTrap achieved >96% 

recovery of PS NPs within 10 minutes of shaking, with an adsorption capacity of 3.95 ± 0.14 

g/g at 200 mM NaCl. The adsorption mechanism is driven by salt-enhanced hydrophobic 

interactions. Salt ions interfere with the hydration shell by competing with water molecules 

bound to the charged surfaces of both the peptide and the NPs. This weakens the hydration 

layer and enhances exposure of hydrophobic regions, accelerating the binding process.190 

Higher salt concentrations not only increase reaction speed but also improve binding affinity, 

making the system suitable even in saline environments such as seawater. Notably, the presence 

of heavy metals did not compromise the system’s enrichment performance for PS NPs, 

supporting its applicability in heavy metal-contaminated waters, such as wastewater. The 

above-mentioned results demonstrate the broad applicability of the MagNanoTrap platform, 

which can be employed across various natural aquatic environments, including lakes, rivers, 

wastewater, and seawater, since NaCl can be readily supplemented when needed. 

MagNanoTrap is also compatible with Py-GC/MS analysis, as the peptides do not interfere 

with key plastic-specific indicator compounds across eight polymers (PP, PE, PET, PS, 

PMMA, PC, Nylon 6, Nylon 66). In 1 L spiked environmental samples (river, lake, seawater, 

wastewater), recovery rates ranged from 51.9% to 60.6%, compared to 65.1 ± 2.9% in 

deionized water, demonstrating robustness across complex water matrices. Detected 

environmental NP levels were high in human-impacted sites, e.g., park lake (8.60 µg/L) 

compared to a natural reservoir (2.61 µg/L), and declined significantly with advanced 

wastewater treatment (ultrafiltration removed ~90% of NPs). Predominant NP types were PP, 
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PE, and Nylon 6,6, accounting for over 75% of the total plastic load. SEM imaging confirmed 

the presence of nanosized fibers, flakes, and spheres, particularly in post-treatment wastewater. 

Current remediation technologies for removing MP/NPs include flotation systems utilizing 

bubble–particle interactions,80, 81 membrane-based methods exploiting membrane cutoffs,18, 19, 

69, 73, 78 and surface-functionalized materials relying on adsorption.189, 225-227 Most reported 

approaches achieve removal efficiencies above 80%, mainly for spiked PS and PMMA NPs, 

with adsorption capacities such as 444.6 ± 22.3 mg/g for biomass fibrous foam189 and 0.69 ± 

0.26 g/g for SPIONs-PAC.105 In comparison, the MagNanoTrap platform, featuring SPIONs 

functionalized with bifunctional peptides, exhibited superior performance, achieving over 96% 

PS NP recovery within 13 minutes of shaking and an adsorption capacity of 3.95 ± 0.14 g/g at 

200 mM NaCl. Despite this, only membrane-based techniques have been reported as generally 

applicable for MP/NP monitoring in environmental waters. These systems, cross-flow (50 L 

samples)18, 73 and dead-end (1 L samples),19, 69 typically use polyethersulfone (PES) membranes 

with a 0.01 µm cutoff, coupled with Py-GC/MS for quantifying mixed plastics such as PP, PE, 

PS, PET, PMMA, PC, Nylon 6, and Nylon 66, achieving recoveries above 50%. In comparison, 

the MagNanoTrap combined with Py-GC/MS achieved similar recoveries exceeding 60%, 

while capturing NPs of all sizes and types from various environmental water samples, making 

it a promising, universally applicable analytical tool for monitoring NP contamination, 

supporting circular polymer economy initiatives, and advancing SDG 6 goals for clean water 

and sanitation.228 

In a separate approach, a bifunctional “Hooked for Decay” system was developed, 

incorporating a hydrophobic coating on Fe₃O₄ beads using a biohybrid catalyst. A variant 

peptide, LCI_F16C, facilitated the immobilization of a Grubbs-Hoveyda catalyst onto SPIONs 

via click chemistry. This construct catalyzed the ROMP of a norbornene derivative (Nor-C18), 

forming a hydrophobic polynorbornene coating. This hydrophobic layer enabled efficient 

capture of a broad spectrum of plastic NPs, including PP, PE, PS, PET, PMMA, and SBR. The 

film-coated SPIONs achieved a high adsorption capacity of 5.53 ± 0.29 g/g for PS-COOH NPs 

(500 nm) within 10 minutes and reached 99% recovery in 100 mM NaCl, driven by 

hydrophobic interactions.  

Moreover, the retained catalytic activity of the embedded GH-cofactor enabled the chemical 

degradation of captured SBR NPs via internal cleavage of C=C bonds within 1,4-addition 

butadiene units, in the presence of ethylene, without any additional catalyst. This process 
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achieved a 6.5% degradation in organic solvent, demonstrating the potential not only for 

capturing but also initiating the breakdown of persistent synthetic rubber contaminants. 

Compared to existing MP/NP removal technologies described above, the “Hooked for Decay” 

system, based on SPIONs coated with a hydrophobic nanofilm, achieved exceptional 

performance, recovering over 99% of PS NPs within 10 minutes of shaking and exhibiting an 

adsorption capacity of 5.53 ± 0.29 g/g at 200 mM NaCl. In addition to NP capture, the film-

coated SPIONs also enable the degradation of plastics with internal C=C bonds, such as SBR, 

introducing a new concept for the removal and disintegration of NP contaminants from aqueous 

solutions. 

Moving from aqueous systems to biological tissues requires specialized pretreatment to remove 

interference from organic matter; accordingly, a robust protocol was established for the 

quantification of MP/NPs in human kidney samples. To assess human exposure, 139 human 

kidney tissue samples stratified by eGFR using Py-GC/MS were analyzed. Plastics, including 

PP, PE, PS, PET, PMMA, PVC, Nylon 6, and Nylon 66, were detected in all groups. The 

average plastic loads were 49.3 ± 39.3 µg/mg for individuals with eGFR <59 mL/min, 31.2 ± 

23.7 µg/mg for those with eGFR 60–89 mL/min, and 12.1 ± 6.2 µg/mg for eGFR >90 mL/min. 

Dominant plastic types, including PE, PP, and Nylon 66, mirrored the profiles seen in 

environmental samples. A significant inverse correlation was observed between plastic content 

and kidney function, suggesting a potential relationship between plastic accumulation and 

kidney health. Plastibody-based immunostaining further confirmed the localization and 

accumulation of MP/NPs in kidney glomeruli.   

Overall, the combination of bifunctional peptides, either fused with other peptides 

(MagNanoTrap) or conjugated to catalysts (Hooked for Decay), and SPIONs represents a 

versatile and modular platform for MP/NPs enrichment. Especially, the MagNanoTrap system 

holds promise for monitoring plastic contamination in various contexts, including factory 

effluents, food products, and clinical samples. Furthermore, the correlation between MP/NP 

accumulation and kidney function was also explored, offering insight into possible health 

implications. In summary, this work presents a comprehensive, interdisciplinary approach that 

integrates materials engineering, environmental science, and biomedical assessment to advance 

the capture, quantification, degradation, and biological evaluation of MP/NPs, providing 

critical tools for environmental monitoring and human health risk assessment in the context of 

escalating plastic pollution.  
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Appendix 

Amino acid sequence involved in this thesis: 

LCI-strep-DZ 

MAIKLVQSPNGNFAASFVLDGTKWIFKSKYYDSSKGYWVGIYEVWDRKSAWSHPQ

FEKADNKFNKEQQNAFYEILHLPNLNEEQRNGFIQSLKDDPSQSANLLAEAKKLNDA

QAPK 

strep-DZ-MBP1 

MSAWSHPQFEKADNKFNKEQQNAFYEILHLPNLNEEQRNGFIQSLKDDPSQSANLLA

EAKKLNDAQAPKRSGRGECRRQCLRRHEGQPWETQECMRRCRRRG 

LCI-strep-DZ-MBP1 

MAIKLVQSPNGNFAASFVLDGTKWIFKSKYYDSSKGYWVGIYEVWDRKSAWSHPQ

FEKADNKFNKEQQNAFYEILHLPNLNEEQRNGFIQSLKDDPSQSANLLAEAKKLNDA

QAPKRSGRGECRRQCLRRHEGQPWETQECMRRCRRRG 

LCI_F16C 

MGLGKKLSVAVAASFMSLSISLPGVQAAEFSAWSHPQFEKAEAAAKEAAAKEAAA

KAENLYFQGAIKLVQSPNGNFAASCVLDGTKWIFKSKYYDSSKGYWVGIYEVWDR

K (signal peptide was marked in red)  
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